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Chapter 1

Intro duction



1.1 Background

Shallow geothermal energy (SGE) systems use the subsurface as a source for thermal energy
or as a medium to store seasonal heat. These systems provide heating and cooling in the built
environment, and are considered to be a technology that can contribute to the reduction of
greenhouse gas emissions (Blum et al. 2010, Bayer et al. 2012). The reduction of greenhouse gas
emission by SGE systems strongly depends on the source of electricity used in the system. The
potential CO, emission reduction at full market penetration is estimated by Bayer et al. (2012) to
be around 30% compared to conventional heating and cooling systems, for a selection of 19 EU
countries for the current (mainly fossil fuelled) electricity mix. This figure is expected to increase
in the future with both the fraction of renewables in the electricity mix and the efficiency of heat
pumps increasing. Generally, two types of SGE systems are discerned: open and closed systems
(Sanner et al. 2003, Mustafa Omer 2008, Hahnlein et al. 2013).

Open systems, also called aquifer thermal energy storage (ATES) or open loop ground source
heat pumps, use groundwater to store or harvest heat (Meyer and Todd 1973). These systems
generally operate with one or more sets of extraction and injection wells to circulate groundwater.
During winter, groundwater is extracted and used in combination with a heat exchanger and heat
pump to provide heating (Figure 1-1, panel A). Heat is extracted from groundwater using a heat
exchanger, thereby decreasing the temperature of the extracted groundwater, typically from an
ambient temperature of 9-12°C to 5-10°C (under Dutch conditions). The chilled groundwater is
re-injected back into the aquifer, and a bubble of relatively cold water is created. During summer,
the system flows reverse aiming to recover the relatively cold groundwater and use it to cool
buildings (Figure 1-1, panel B). This raises the groundwater temperature to a value typically
between 15°C and 20°C, before it is again re-injected into the aquifer creating a warm bubble
of groundwater.

The maximum allowable temperature of re-injected groundwater in the Netherlands is
25°C, which is similar to many other European countries (Hahnlein et al. 2010a). When heating
buildings with ATES, a heat pump is generally used to increase the temperature of the building
circulation fluid to a sufficiently high level for space heating. Cooling is generally directly possible,
without use of heat pumps which makes these systems especially energy efficient for cooling
purposes (Vanhoudt et al. 2011). Open systems have been sporadically used for heat storage at
much higher temperatures, up to 100°C especially at the early years of the technology (Holm et
al. 1987, Perlinger et al. 1987, Brons et al. 1991, Griffioen and Appelo 1993). Recently, interest
in the Netherlands for higher temperature storage is increasing, for example in the horticultural
sector where high temperature heat is available for storage.

The second type of system, closed systems, also called borehole thermal energy systems
(BTES), or closed loop ground source heat pumps use plastic conductor pipes and one or more
boreholes (vertical closed systems, shown in Figure 1-1C&D), trenches (horizontal closed systems),
baskets, or even plastic pipes within foundation piles (Mustafa Omer 2008). Water, often mixed
with an anti-freeze fluid, is circulated through these pipes and used to extract heat from the
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underground. The main difference with the open systems is that groundwater is not extracted
during the process. Closed systems generally require more boreholes to deliver the same heating
power compared to open systems. Large BTES systems generally require a reasonable balance
between heating and cooling load to the subsurface to prevent a subsurface temperature buildup
(Ramamoorthy et al. 2001).

1.2 Shallow geothermal energy, subsurface use and drinking water
production

SGE is in many cases a financially viable and an energy efficient way of acclimatizing houses and
buildings. For this reason, Dutch and many other European governments are actively stimulating
the application of shallow geothermal energy which has led to a strong growth in the application
of these systems, both in the Netherlands, and world-wide.

Dutch provincial groundwater data show that the number of ATES licenses increased from
29 systems in 1995 to around 1800 systems in the Netherlands in 2012 (Figure 12A). These
figures do not include small ATES systems (used for small utility buildings) with a capacity of <
10 m? hour" for which no license is required. Data for BTES systems are not available because no
license is required for their construction. The Dutch Bureau of Statistics (CBS 2008) estimated an
increase from 24 in 1996 to around 23.000 BTES boreholes in 2007 (Figure 12B). Note that one
BTES system generally consists of multiple boreholes. Similar strong growth rates are reported in
European countries like Switzerland, Sweden, and Germany (Sanner et al. 2003), China (Gao et
al. 2009), and the US (Lund and Bertani 2010).
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A: Open loop B: Open loop
Winter heating Summer cooling
demand demand

C: Closed loop D: Closed Loop
Winter heating Summer cooling

Figure 1-1 Different types of SGE systems: Panel A: Open loop ground source heat pump in winter (also
known as aquifer thermal energy storage, ATES). Panel B: Open loop ground source heat pump in summer.
Panel C: Closed loop ground source heat pump in winter (also known as borehole thermal energy storage,
BTES). Panel D: Closed loop ground source heat pump in summer.
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ATES systems (>10m3/hour) BTES Boreholes

A B

Figure 1-2 Panel A: Development of aquifer thermal energy storage (ATES) systems. Panel B: borehole
thermal energy system (BTES) systems in the Netherlands. ATES data were sourced from provincial authorities;
BTES data were from CBS (2008)

Groundwater licensing data show that 1,1700x10° m? year” is allocated for use in ATES
systems in the Netherlands as of 2012 (data from provincial groundwater database). However,
actual usage data obtained from the provincial groundwater databases for a selected number of
sites showed that ATES systems use, on average, 50% of their licensed volume. Therefore, the
actual volume of groundwater circulated is currently estimated to be around 550x10° m? year.
This water volume is considerable compared to the total annual groundwater extraction in the
Netherlands of around 1,700x10° m? (De Vries 2007). The latter is composed of 1,000 million m3
used for drinking water (of which around 18% originates from artificial recharge), 300x10° m? for
industrial water use and 300-400 million m?for agricultural use. The total annual groundwater
recharge in the Netherlands is estimated to be around 9,000x10° m?® (Dufour 2000). Given
the growth rate of ATES, it is expected that ATES will be the largest groundwater user before
2020. Key difference between ATES and these other uses is that with ATES the groundwater is
re-injected, while other users do not return the water to the aquifer. BTES systems harvest or
discharge heat to the subsurface and do not extract groundwater.
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Licences for ATES systems
ATES in shallow phreatic
protection area (16x)

ATES within 500 m
o of phreatic protection
zones (48x)
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;
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Figure 1-3 Map showing the locations of aquifer thermal energy storage (ATES) systems and groundwater
protection zones for public supply well fields in the Netherlands. ATES data were obtained from provincial
authorities; data on groundwater protection zones are courtesy of the National Institute of Public Health.
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Despite that SGE systems have no net groundwater extraction, the physical, chemical and
microbiological status of groundwater may be impacted upon. In 2009, the Dutch ministerial
Technical Committee on Soil (TCB 2009) reviewed the impacts by SGE and concluded that the
relatively low and constant temperature is an valuable asset and that mixing of different water
qualities and temperature changes may impact on the natural buffering capacity of the subsurface.
The TCB also notes that the long term impacts of SGE on the subsurface are unclear and therefore
recommend to maintain the maximum allowed year average re-injection temperature of 25°C
(with incidental peak of 30°C) and restrictions for SGE in groundwater protection zones.

The strong growth and corresponding increasing volumetric water claim have led to an
increasing number of sites where ATES systems are planned or were built near public water supply
well fields (Figure 1-3). In 2012, 17 ATES systems were located in a groundwater protection area
and an additional 52 systems were located within 500 m distance from a protection zone. This
growth of subsurface use by SGE is added to a trend where many other functions are going
underground: infrastructure (tunnels, parking), water storage (aquifer storage and recovery, storm
water infiltration), et cetera. While up to a decade ago, drinking water companies were the main
subsurface user in the Netherlands, now many sectors have interests in the subsurface space.
This resulted in transformation in the objectives of soil policy from mainly soil and groundwater
quality protection towards stimulating the sustainable utilization of the underground while
protecting groundwater resources. In order to find a balance between subsurface utilization
and groundwater protection, knowledge is required on the impacts of subsurface uses, and in
particular those of SGE. Without clear and scientifically underpinned policy, potentially unwanted
risks might be taken at vulnerable locations such as near well fields used for drinking water
production, while at other sites the application of SGE is avoided without proper reasons.

In order to fill this knowledge gap, the water sector commissioned a research project (through
the Joint Research Program, BTO) on the impacts of SGE on groundwater quality and drinking
water production which resulted in this PhD thesis. Related to this project is the PhD project of
Phillip Visser (funded through TTIW/Wetsus) which focuses on the thermal impacts of SGE in
relation to other stresses to temperature regime such as climate change and land use changes.

It is worthwhile mentioning that these are not the only research projects looking at the
impacts of SGE carried out in this time frame. At the TU Delft, smart grids are being developed
for ATES by Martin Bloemendal to optimize the use of the subsurface. Two other research projects
carried out at Wageningen University by Zhuobiao Ni and Wijb Sommer, deal with the interaction
of groundwater contaminants and ATES systems. The project “Meer met Bodemenergie”
investigated a large number of SGE in both clean and contaminated groundwater systems.
Together, these research programs aim to form a sound basis to regulate use SGE in various
groundwater environments.
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1.4 Research objective and questions

The main objective of this PhD thesis is to obtain a quantitative understanding of the impacts of
shallow geothermal energy on groundwater quality in relation to drinking water production and

other uses. In order to reach this objective, | aim to answer to following questions:

What is reported in literature on the effects of SGE on groundwater quality and is
current groundwater protection policy adequately addressing these aspects?

Does an ATES system near a drinking water station impact on groundwater quality, and
if so, what are the driving physical and chemical processes for this change?

What are the impacts of changing temperatures on groundwater quality? In particular
regarding:

o the mobility of naturally occurring trace elements and heavy metals;

o the rate and occurrence of biochemical (redox) processes;

o theaquifer’s microbial community and its relation to the biochemical processes.
What are the key geochemical processes determining the impacts of SGE on
groundwater quality, can these factors be incorporated in a predictive hydrochemical
model to describe impacts from circulating groundwater with varying temperatures in
an ATES system.

These sub-questions will be answered in the following chapters, the main research question
will be discussed in the last chapter (summary and synthesis) where | will compile the insights
gathered from this research and place them in the context of drinking water production.

1.5 Methodology and outline of this thesis

The outline of this work is structured as follows:

In chapter 2, an overview of risks posed by SGE systems on groundwater quality is
presented based on an overview of previous literature on SGE in relation to groundwater
quality. Existing policy and licensing arrangements for SGE in the Netherlands and a
selection of European countries are described as well as the capability of the Dutch
policy on SGE to minimize or mitigate risks from SGE on groundwater resources.
The increasing pressure on the subsurface is discussed and placed in the context of
subsurface policy reform.

In chapter 3, | present a water quality data set obtained from an ATES system operating
between 7 and 16°C located 500 m distance away from a large public water supply well
field. The data were analyzed using a groundwater flow and solute transport model
(MODFLOW/MT3D) which was used to elucidate the dominant processes controlling
observed water quality changes.

In chapter 4, laboratory column experiments were used to evaluate temperature effects
on leaching behavior of trace elements and heavy metals. The experiments were carried
outat5, 11,25 and 60°C applying a 1 day residence time in order to provide information
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on SGE impacts at the currently allowed temperature range and more extreme high
temperature.

In chapter 5, the column setup is used applying longer residence times focusing
on the occurrence and rates of redox processes (iron-reduction, sulfate-reduction,
methanogenesis) over a wide temperature range of 5-80°C. A combination of
microbiological techniques (T-RFLP and 454 pyrosequencing of PCR-amplified bacterial
16S rRNA genes, and DGGE of PCR fragments of archaeal 16S rRNA genes) was used
to investigate changes in the microbial community.

In chapter 6, the experimental data gathered using the experiments described in
chapters 4 and 5 were integrated and simulated using a reactive transport model (based
on the PHREEQC code) to improve the conceptual model of temperature impacts on
groundwater quality. The model was subsequently applied to several hypothetical ATES
system using a coupled axi-symmetrical flow tube setup.

In the last chapter, a summary is provided followed by a synthesis and discussion of the
key results. This is done by first discussing what the observed impacts on groundwater
quality imply for drinking water treatment and groundwater monitoring, followed by a
reflection on the current SGE and groundwater protection policy. Lastly, an overview of
new research questions resulting from this PhD is given.
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Chapter 2

Shallow geothermal energy: A review of impacts on
groundwater quality and policy in the Netherlands and

European Union

Modified and updated with comtemporary references from Bonte, M., Stuyfzand, P.J., Hulsmann,
A., and Van Beelen P (2011) Underground thermal energy storage: environmental risks and policy
developments in the Netherlands and European Union. Ecology and Society 16 (1), 22



Abstract

In this chapter we present an overview of the risks shallow geothermal energy (SGE) can impose
on the groundwater system, drinking water production, and the subsurface environment in
general. Existing policy and licensing arrangements for SGE in the Netherlands are described
as well as the capability of the current (and future) Dutch policy and legal framework to
minimize or mitigate risks from SGE on groundwater resources. A survey at EU Member State
level indicated that regulation and research on the potential impacts of SGE on groundwater
resources were lagging behind the technological development of, and ever-growing demand
for, this renewable energy source. We have recognized three main issues that should be
addressed to secure sustainable application of SGE: 1) Scientific research is required to
further elucidate the impacts of SGE on groundwater; 2) Cross-sectoral subsurface planning
is required to minimize negative conflicts between SGE and other subsurface interests; 3) EU
wide guidelines and standards are required for quality assurance and control when installing
a SGE system.

2.1 Introduction

As shown in Chapter 1, SGE technologies, including Aquifer Thermal Energy Storage (ATES) and
Borehole Thermal Energy Systems (BTES) are seen as promising techniques that can contribute
significantly to reduce the emission of greenhouse gasses. This has led to a strong growth in the
deployment of these technologies, often in aquifers used for drinking water production, and as
a consequence, regulators, authorities, and drinking water companies are asking questions on
the impacts of SGE on groundwater conditions. Many authorities in Europe are in the process of
reforming their groundwater policy that traditionally dealt primarily with protecting groundwater
resources for drinking water production towards balancing groundwater protection with
subsurface utilization.

The main question in this chapter is whether Dutch and other EU national governments are
ready to regulate the increasing use of SGE while minimizing potentially adverse effects on the
underground environment. We will i) detail the risks that SGE may impose on groundwater quality
and drinking water production; ii) describe current and future policy and licensing arrangements
for SGE in the Netherlands and the EU; and iii) discuss the need for cross-sectoral subsurface
spatial planning in order to minimize negative impacts from different subsurface activities. These
three aspects will result in recommendations for EU member states currently in the process of
shaping their policy on groundwater protection and SGE.

2.2 Areview on the potential impacts of SGE on groundwater quality

In order to assess the risks from SGE systems to groundwater quality and ecology, and drinking
water production, we reviewed common practice in SGE operation in relation to drinking
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water production (Bonte et al. 2008, Stuyfzand et al. 2008). From this review, four groups of
environmental risks arising from SGE can be distinguished: 1) hydrological impacts; 2) thermal
impacts 3) chemical impacts; and 4) microbiological impacts. Table 2-1 presents a summary of
the different effects, the probability of occurrence, the consequences if an impact occurs, and
the associated risk (probability multiplied by its consequence). This table is based predominantly
on expert opinion (Stuyfzand et al. 2008) and guided further research of this thesis on the
effects of SGE. Some effects have a small chance but potentially far-reaching consequence (for
example leaching and leaking of heavy metals or antifreeze media) and therefore have a high risk
associated with them. Other effects are certain to occur but the consequences are limited.

Hydrological impacts

The hydrological risks relate to groundwater quantity aspects and include groundwater levels,
flow velocities, and the capture zone of public water supply well fields. Although ATES systems
have no net extraction as groundwater is re-injected in the same aquifer, perturbations in the
groundwater flow pattern can be noticeable to a distance of up to several kilometers (Ferguson
2006). This situation can have a direct impact on the size and location of the capture zone of
a groundwater abstraction well field and is explained conceptually in Figure 2-1. Situation A in
this figure shows a typical groundwater extraction well with its capture zone and the legally
enforced groundwater protection zone (usually the area where the travel time to the well is less
than 25 years). Situation B shows the impact that an ATES system may have on the groundwater
flow paths towards the extraction well. The alternating extractions and injections will cause the
flow paths to become jagged (in Figure 21 this process is strongly exaggerated for visualization
purposes). The consequence of this is yet unclear; the effective residence time of water is not
expected to be impacted upon but groundwater will have a longer flow path and higher velocity
in its way to the extraction well. In situation C, one well of the ATES is within the capture zone of
the extraction well. In this case, the ATES system periodically takes groundwater from outside the
original capture zone of the extraction well and injects it inside the capture zone. This implies that
the capture zone of the extraction well is enlarged with the capture zone of the ATES system. The
latter process may also occur for situation B. The actual enlargement in relation to the capture
zone will depend amongst others on the volume of water circulated in the ATES system, the
thickness of the aquifer and the annual extraction volume.
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Table 2-1 Qualitative overview of risks of low-temperature (< 30°C) underground thermal energy storage on

groundwater systems. Based on (Stuyfzand et al. 2008)

Effects of SGE Probability" Consequence* Risks
Hydrological impacts
Changing water levels and fluxes ++ Desiccation, water logging, settlements =
Changing of other well’s capture zone ++ Increasing vulnerability, pollutions ++
Poorly sealed boreholes + Cross aquifer flow ++
Thermal impacts
Changing water temperature ++ Temperature, reaction kinetics +
Chemical impacts
Mixing processes ++ Salinity, IMIPO, OMIPO ++
Mobilization of groundwater pollution plumes + IMIPO, OMIPO ++
Oxidation of organic matter + Nutrients, DOC, color +
Oxidation of iron-sulfides + Fe, SO,, As, Ni, Co, Zn +
Dissolution/precipitation carbonates e Ca, HCO,, Sr 4
Dissolution/precipitation of silicates + SiO, +
Leaching from installation materials + Cd, Cu, Cr, Ni, Pb, VC +
Leaking anti-freeze fluids or additives + Glycol, biocides & corrosion inhibitors — ++
Microbiological impacts
Introduction of pathogens - Pathogens +
Changing biodegradation rate + Nutrients, IMIPO, OMIPO -or +
Changing microbiological population + Unknown ?

Footnotes to table: t: - small probability, + medium probability, + large probability, ++ will always occur;
$: IMIPO: Inorganic micro pollutants; OMIPO: Organic micro pollutants; DOC: Dissolved
Organic Carbon; VC: Vinyl chloride.
§: - negative risk (opportunity), £ no apparent risk, + small risk, ++ high risk.

Depending on aquifer conditions like heterogeneity, sediment reactivity, and land use, this

may cause quality changes at the groundwater extraction well, in positive or negative sense. If

surface waters are present within the capture zone, ATES may alter the nature of groundwater-

surface water interactions. For example, a normally gaining stream (receiving groundwater) may

change into an alternating losing and gaining stream depending on ATES operation. It should be

noted that while capture zones in spatial planning are often considered a steady state feature,

in reality the location will vary due to the transient nature of groundwater recharge and surface
water-groundwater interactions (Rock and Kupfersberger 2002). The effect of transient pumping
at an ATES system can act cumulatively and exacerbate these transient variations.
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Groundwater protection
zone (often the 25 year-
isochrone)
Capture zone

AN ,
Y 7’
~ . L4
Situation A: Situation B: Situation C:
Only a groundwater As A, with an ATES system As B, with an ATES system
extraction well outside the capture zone inside the capture zone

Figure 2-1 Conceptual illustration of the effects of an aquifer thermal energy storage (ATES) system: alone
(A), just outside the capture zone of a public supply well (B), and just inside the capture zone of a public
supply well (C). Arrows indicate the path of groundwater flow, red and blue circles are the warm and cold
wells, respectively, of an ATES system.

Groundwater flow patterns may also be influenced if ATES or BTES boreholes are
constructed improperly. Boreholes that lack adequate clay (frequently bentonite) or grout plugs
to separate aquifers or boreholes screened in several aquifers may provide preferential flow paths
for contaminants or cross-aquifer flow (Avci 1992, Lacombe et al. 1995, Chesnaux et al. 2006,
Santi et al. 2006, Mayo 2010). Minimizing drilling costs may result in selecting a drilling method
that does not allow precise geological logging required to determine the depth of aquitards to
be plugged. In the Netherlands, BTES boreholes constructed before July 2013 did not require a
license nor registration and although a protocol exists for drilling these boreholes which describes
how aquitards are to be plugged, the lack of licensing and regulatory enforcement makes it
questionable whether contractors have always followed these rules. As of July 2013, regulations
are in place, but it is not yet known whether municipalities will always enforce that rules will be
followed. In some countries, regulators enforce the entire annulus of BTES boreholes to be grouted
for increasing the thermal efficiency of the well and reducing the risk of cross contamination.
Although cementing may initially limit vertical flow in the borehole, de-bonding of conductor
pipe and grout due to differences in thermal expansion behavior may still result in preferential
flow paths later on (Philippacopoulos and Berndt 2001). Enhanced grout types, containing a
super plasticizer and bentonite, can reduce the likelihood of de-bonding (Philippacopoulos and
Berndt 2001).
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Thermal impacts

An inventory of 67 ATES systems showed that almost none of the investigated systems had
a thermal balance (IF Technology 2007), meaning that heat is discharged into, or harvested
from the aquifer and a long-term warming or cooling of groundwater is occurring. A study in
Winnipeg, Canada, showed that using the aquifer solely for cooling purposes is not sustainable
due to long-term rising groundwater temperatures which can cause short circuiting of warm
and cold wells and a reduction in cooling capacity (Ferguson and Woodbury 2006). Apart from
reduced efficiency of SGE due to changing temperatures, downstream uses of groundwater and
aqueous ecosystems can be negatively impacted (Ferguson 2009). The downstream impacts were
investigated (Freedman et al. 2012) for an open loop cooling system around 2 km upstream from
the Columbia River. Freedman et al. (2012) concluded that at the operating regime the system did
not significantly impact upon the natural temperature regime of the river. Freedman et al. (2012)
also noted that there was a conflict between operational efficiency and downstream impacts
as optimal operation demanded high circulation rates with a relatively small temperature drop
(facilitating an efficient heat discharge) causing a steep gradient to the river and higher impacts
at the river.

A study on closed loop systems by Hahnlein et al. (2010b) showed that these systems
can operate safely without negatively impacting each other when the spacing between them
is at @ minimum distance of 10 m. The diverging results of these three studies are likely due to
differences in heat demand from the aquifer, type of system (open versus closed) and aquifer
conditions (groundwater flow velocity, aquifer thickness, porosity). For large scale systems in an
area where other uses of groundwater may be negatively impacted upon, a hydrological impact
assessment should thus be made to prevent negative interference between systems. Hecht-
Mendez et al. (2010) showed that temperature driven buoyancy effects for typical temperature
ranges (AT<10°C) can generally be neglected allowing the use of the solute transport model
MT3D-MS for thermal modeling.

In order to adequately assess the long term cumulative effects of heat discharge, the
autonomous trends due to changing environmental stresses to the groundwater system should
also be considered. For example, when analyzing the thermal impacts of SGE on the underground,
the temperature effects of climate change and urbanization (urban heat island effect) on the
aquifer system should be accounted for (Taniguchi and Uemura 2005, Ferguson and Woodbury
2007, Kooi 2008). The key question is whether the effects of SGE can be neglected compared
to these stresses, or should SGE be considered as yet another thermal stress on a system that is
already threatened.

Chemical impacts in clean groundwater systems
ATES systems may influence groundwater chemistry by i) the mixing of different types of
groundwater (for example aerobic and anoxic), or ii) via changes to the thermal regime of the
water impacting on sediment-groundwater interaction.

In water table aquifers, the quality of groundwater varies with depth due to chemical reactions
of infiltrating rainwater with reactive soil and aquifer compounds such as carbonates, pyrite, and
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organic carbon (Stuyfzand 1999, Appelo and Postma 2005). This results in a vertical groundwater
quality gradient with oxidized, nitrate-rich shallow groundwater and reduced iron-rich deeper
groundwater. The aquifer acts as a groundwater quality buffer and assures a stable and relatively
high water quality, when compared to surface water. In regions where fresh groundwater overlies
saline groundwater (which is particularly the case in the west of the Netherlands and in many
other deltas), an improper well screen setting of an ATES system can cause salinization of fresh
groundwater (Oostrum et al. 2008). In both cases (redox or salinity stratification), the ATES system
extracts groundwater from a certain depth interval, mixes it, and re-injects the mixture into the
aquifer, and depending on the screen setting in relation to vertical quality gradients, the system
levels out the natural vertical quality gradient. This aspect was earlier discussed by (TCB 2009) and
is further investigated in chapter 3. This can have adverse effects for the quality of the groundwater
resource, introduce environmental pollutants to greater depths in the aquifer, and minimize the
volume of clean uncontaminated groundwater, ultimately increasing the vulnerability of PWSFs
or extraction wells for other purposes.

The mixing of different water qualities has recently also been described as the dominating
process controlling water quality changes in seven ATES systems in the Netherlands for the
‘Meer met bodemenergie’ project (Dinkla et al. 2012). Besides the effects of mixing, this study
also identified elevated concentrations of nickel and arsenic at an ATES system near Rosmalen.
These observations were explained by mixing and introduction of shallow (sub)oxic groundwater
resulting in pyrite oxidation (Dinkla et al. 2012). Monitoring at an ATES system at the contaminated
location Strijp-S in Eindhoven revealed elevated concentrations of nickel, arsenic, and chromium
which increased in both monitoring wells under direct influence of the ATES system, and
reference wells. A satisfactory explanation was not possible, and it was recommended that more
monitoring data be collected (Dinkla et al. 2012).

Most of the research published internationally on chemical impacts focused on the change
in mineral solubility, reaction kinetics, and organic matter oxidation (Holm et al. 1987, Appelo et
al. 1990, Brons et al. 1991, Griffioen and Appelo 1993, Hoyer et al. 1994, Arning et al. 2006b).
One of the most relevant studies for drinking water production is by Brons et al. (1991) who
looked at mobilization of organic carbon and release of CO, from sediments under increased
temperature. Dissolved organic carbon (DOC) is often related to coloration of water (Rittmann
et al. 2002) requiring treatment. Furthermore, sedimentary organic carbon contributes to the
buffering capacity of sediments (Griffioen et al. 2012) and is thus important in aquifers used
for the production of drinking water (TCB 2009). Incubation experiments by Brons et al. (1991)
showed that aerobic organic carbon mineralization increased over the entire temperature range
(4-95°C) with biological processes dominating <30°C and pure chemical oxidation >55°C. At
temperatures >40°C humic acids were mobilized which may form complexes with calcium
and magnesium and inhibit carbonate precipitation. The mobilization of DOC >25°C was also
reported recently in column experiments by (JesuBek et al. 2012). The focus of these studies was
however mostly on operational aspects and not on the groundwater quality changes at elevated
temperatures in relation to groundwater quality for drinking water production. Especially the
behavior of trace elements and heavy metals, commonly present in natural sediments, at typical
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temperatures changes in SGE has received little attention in literature. This aspect is further
investigated in chapters 4 and 6.

The results of most of the above mentioned studies suggest that most inorganic hydrochemical
processes will start to play a significant role at temperatures above 30°C. Yet, seasonal temperature
changes were shown to i) strongly accelerate pyrite oxidation in a deep well injection experiment
(Stuyfzand 1998, Prommer and Stuyfzand 2005), and ii) be of great influence on mineralization
of organic matter at river bank filtration sites (Greskowiak et al. 2006, Sharma et al. 2012). A shift
in redox conditions was also reported by (JesuBek et al. 2012) who reported the dominance of
nitrate reduction at 10°C and of iron reduction at 25°C and higher. These studies illustrate that
especially redox reactions can be influenced already by small temperature changes. The impact
of temperature on redox processes in permanently anoxic aquifer sediments, as typically used
for SGE in the Netherlands, has received less attention, and this aspect is further investigated in
chapters 5 and 6.

Chemical impacts in contaminated groundwater systems

In the Netherlands, there are many inner city areas where there is a desire to apply SGE, but
the aquifer is contaminated by historic activities such as chemical dry cleaning, oil storage tanks
and gasworks. The effect of SGE on such groundwater contamination plumes is yet unclear.
An increased groundwater temperature may mobilize otherwise immobile contaminants due
to increased solubility and reduced sorption (Knauss and Copenhaver 1995, Ten Hulscher
and Cornelissen 1996, Knauss et al. 2000), or may increase contaminant toxicity (Noyes et
al. 2009). The mixing of different chemical groundwater types, mobilization of nutrients and
DOC, and increasing groundwater temperature may impact (both positively and negatively) on
biodegradation (Langwaldt and Puhakka 2000). Zuurbier et al. (2013b) showed with reactive
transport modeling that the circulation of groundwater in an ATES system can considerably reduce
the contaminant load if biodegradation is sediment limited with a constant rate in time and
space. If however a dense non-agueous phase liquid is present, the dissolution of contaminant
mass may create a much larger contaminant plume (Zuurbier 2010).

Field and laboratory experiments showed that reductive dechlorination is not readily
stimulated by a temperature increase alone (Friis et al. 2006b, Fletcher et al. 2011), but requires
bio-augmentation composed of a dechlorinating culture and an electron donor (Friis et al.
2006a). In the Dutch cities of Eindhoven, Apeldoorn and Utrecht, field and feasibility studies are
currently being conducted to combine ATES with a remediation system (Slenders et al. 2010), and
also laboratory investigations are being carried out on sediments from Utrecht investigating the
combination of ATES and remediating chlorinated solvents (Ni et al. 2011, Ni et al. 2013).

Chemical impacts of BTES systems

BTES systems use cooling fluids that, in the case of a poorly installed, damaged or aged system,
could leak into the aquifer. The coolant is often a mixture of water and an antifreeze agent (for
example ethylene- or monopropylene glycol), and many pre-mixed circulation fluids contain a
biocide and a corrosion inhibitor (Klotzbucher et al. 2007). Although both aerobic and anaerobic
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biodegradation has been observed in soils for frequently used anti-freeze agents such as ethylene
glycol, propylene glycol and betaine, the addition of corrosion inhibitors or biocides in BTES
systems can inhibit biodegradation (Klotzbucher et al. 2007). Typical corrosion inhibitors used in
mixtures used for BTES systems are benzotriazole and tolyltriazole (lllieva et al. 2012), and also
nitrite, boron and molybdenum are typical additives (Schmidt et al. 2013). The triazoles not only
inhibit the biodegradation of the anti-freeze medium, but they are also relatively toxic to humans
and ecosystems, and persistent and mobile in sediments (lllieva et al. 2012, Schmidt et al. 2013).

The prevalence of leaky BTES systems is currently not known. However, given the growing
number of BTES systems in the Netherlands alone, and the lack of regulations to enforce high
quality drilling work, the risk of contamination of the groundwater system is likely to increase with
time. The latter aspect has improved in the Netherlands with the introduction of new legislation
(July 2013) which enforces that BTES systems are to be registered with municipalities and that
leak-detection systems are to be used for large systems that have a buffer tank.

Microbiological Impacts

The microbial quality of groundwater is a vulnerable and valuable asset, especially when
groundwater is used as a source for drinking water. Groundwater is not a sterile environment
but an ecosystem and even anaerobic groundwater contains bacteria (Griebler and Lueders
2009). In aerobic groundwater, fungi, protozoa, and groundwater invertebrates are also present
(Goldscheider et al. 2006). Groundwater microorganisms use oxidants such as oxygen, nitrate, and
sulfate, and thereby lower the redox potential (Korom 1992). Especially the removal of nutrients
is important for groundwater quality as it reduces the growth of pathogens in groundwater and
in drinking water infrastructure.

Since there are many different types of pathogens it is very difficult to prove their overall
complete absence in drinking water. Persons have different susceptibilities for pathogens and
a minority of the affected human population might become ill for a certain period because of
pathogens in drinking water. Standard tests for fecal bacteria in water are effective in detecting
fecal pollution but are not proof that pathogens are absent (Winters 1992).

Microbiological impacts by SGE systems can occur due to changing groundwater
temperatures (Hall et al. 2008) or the introduction of biologically-available nutrients by well drilling
fluids. Previous microbiological research on SGE systems showed that although no evidence is
observed for growth or survival of pathogens (Winters 1992) or increasing cell counts (Schippers
and Reichling 2006), a considerable change in the community composition is shown (Sowers et
al. 2006, Brielmann et al. 2009, Brielmann et al. 2011). Brielmann et al. (2009) found that the
microbial diversity was strongly temperature dependent in groundwater near an SGE site, but
also a nearby river had a strong influence. They concluded that although SGE (<18°C) impacts
on microbial diversity, the impact is limited compared to seasonal variability and therefore poses
no likely threat to drinking water production in shallow aquifers. In a laboratory study, Brielmann
et al. (2011) confirmed the strong temperature dependence of the microbial diversity over a
range of 2-45°C, and they also found that groundwater invertebrates showed little tolerance to
temperature changes. Changes in the microbial community can also impact on the SGE system
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itself: Both Vetter et al. (2012) and Lerm et al. (2011) report Fe and S oxidizers to be responsible
for clogging of the cold storage (5-30°C) well of the German Parliament. Furthermore, (Lerm et
al. 2013) showed that sulfate reducers may cause corrosion and lead to clogging by precipitating
iron sulfides.

2.3 Past and current policy for SGE

SGE policy in the Netherlands prior to July 2013

Open loop ATES systems with a capacity in excess of 10 m? per hour were required to obtain a permit
from the provincial government as enforced in the national Water Act. All 12 Dutch provinces have
developed their own policy guidelines for permitting ATES systems and no overarching national
policy on the implementation of ATES exists. As a result, there are considerable differences in
policy across provinces. In general, ATES systems are not allowed within groundwater protection
areas for drinking water supply. Provincial authorities can however make an exception (as shown
in Figure 1-3).

Policy differences between provinces with regard to ATES systems can be considerable. For
example, the province of Zuid-Holland has prohibited the use of the first (or most shallow) aquifer
for ATES systems in urban and greenhouse areas. This exclusion aims to minimize conflicts with
other subsurface uses such as underground constructions (parking garages) in urban areas and
subsurface rainwater storage in greenhouse areas. As a result, ATES systems can only be realized
in the deeper (second and third) aquifers (generally >50 m depth below surface), causing small
ATES systems often not to be financially viable due to high drilling costs. On the other hand, the
province of Noord-Brabant has prohibited ATES systems to be installed deeper than 80 m in an
effort to protect the quality of the deep fresh groundwater used for drinking water supply.

Prior to July 2013, closed systems were regulated only in groundwater protection zones
under the Dutch national Environmental Protection Act. Groundwater protection zones are
set by provinces around locations for groundwater extraction for drinking water production.
The provinces have set further environmental regulations in these zones for BTES systems via
Provincial Environmental Regulations. In all provinces, drilling or disturbing the soil below two
to three meters is prohibited in groundwater protection zones, except for situations where an
exemption has been obtained (which is very rare). Outside groundwater protection zones, BTES
systems could up to July 2013 be installed without any registration or license.

SGE policy in the Netherlands after July 2013

In 2008, the Dutch Ministry of Housing, Spatial Planning, and the Environment commissioned a
group of energy, soil, and water experts to draft a plan to stimulate deployment of SGE whilst
considering the potential risks that this technology forms to groundwater and soil quality. Their
report (Underground Energy Taskforce 2009) contains a number of recommendations. The most
important being policy changes including: 1) a so-called “traffic light model” for SGE permits; 2)
the introduction of subsurface spatial planning; and 3) a proper distribution of the financial costs
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and benefits for large-scale SGE development. With the effectuation of the Order in Council (OiC)
on SGE (July 2013) some of the recommendations have been implemented.

The first recommendation of the Underground Energy Taskforce (2009) involved a
geographical distinction of three SGE application units (the “traffic light model”) for all types
of SGE deployment. In green areas SGE can be applied without a permit. In orange areas other
subsurface interests exist, such as existing SGE systems, and a permit is required. In red areas
other, often more important subsurface interests exist, such as drinking water production,
and only under special circumstances a permit is granted. The legal framework to implement
this geographical zoning is implemented in the OIC by giving provinces and municipalities
the authority to define so called ‘interference’ regions where subsurface spatial plans can be
developed to avoid negative interference between systems. It is noted that a similar approach has
successfully been applied in Germany (Eugster and Sanner 2007) where maps have been drafted
clearly showing what type of SGE is allowed where.

The second recommendation involves a more important role for the municipalities in
subsurface spatial planning, especially in areas defined as orange and red in the traffic light model.
In dense urban areas, such as The Hague or Rotterdam, use of underground space is rapidly
increasing. Poorly positioned SGE systems can negatively influence each other causing reduced
overall efficiency (Bakr et al. 2013). Such issues will need to be addressed by future subsurface
planning. In some cities in the Netherlands, subsurface master plans have been developed in
which the exploitation of the underground for SGE is regulated. Figure 2-2 shows an example
of a subsurface planning map with regions where cold and warm wells of ATES systems can
be installed (Witteveen+Bos 2008) such that the bubbles do not interfere with each other. The
orientation of these lanes is to be selected parallel to the direction of groundwater flow. Similar
efforts for subsurface master planning dealing with the growing use of the subsurface in general
are recently being addressed in literature (Ursej and Kontic 2007, Bobylev 2009, Evans et al.
2009). Caljé (2010) used Amsterdam as a case study to show that these plans are only suitable for
areas with a high heat demand. In areas with sufficient capacity for heat storage in the aquifer,
the laissez faire (not coordinated) approach is adequate and often more efficient because location
of wells can be optimized without restrictions.
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Figure 2-2 Subsurface spatial planning map for the second aquifer in the Goudse Poort in Gouda, the
Netherlands. Red, blue, and grey regions indicate areas where warm, cold, and no aquifer thermal energy
storage wells, respectively, can be installed. Modified from (Witteveen+Bos 2008)

Under the proposed policy changes, the Underground Energy Taskforce expected (in 2009)
a growth rate of approximately 30% per year for SGE deployment while this will be around
12% per year without policy changes. These two scenarios yield a total of 18,000 versus 3,500
ATES systems in operation in 2020, under changed or current SGE policies, respectively. This
in turn results in a CO, emission reduction of 0.6 to 2.9 Mton per year for the two scenarios.
The total CO, emission in the Netherlands is estimated by (CBS 2008) at 173 Mton in 2007, of
which around 40% (70 Mton) is generated in the built environment. No figures are given by the
Taskforce on the volume of groundwater used. If we assume a water use per system that is equal
to the current situation, the total water use in 2020 will be 1,225 to 6,300 million m® per year
depending on the two scenarios. Remembering that the total annual groundwater extraction is
1,500 million m? and the total annual groundwater recharge amounts to 9,000 million m3, this
means that the production of renewable energy is likely to be the largest user of groundwater
in the Netherlands in 2020. As discussed in chapter 1, a key difference with other groundwater
users, is that with ATES the groundwater is re-injected, while for drinking water it is not. If we
assume an average well screen length of 50 m and a porosity of 0.3, the subsurface space claim
for both warm and cold bubbles (thus doubling the volume of water) in 2020 is estimated to be
between 163 and 840 km? (2x1,225x108/(0.3x50x10°) and 2x6,300x10%(0.3x50x10°)). The total
area of the Netherlands is 41,543 km? of which 3,449 km? is built-up area (Compendium voor
de leefomgeving 2013), so that the subsurface space claim in built-up areas ranges between 5%
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and 24%. In fact, the space claim may in some areas be even higher as some distance between
adjacent SGE systems is required to avoid interference between the systems, in other areas (for
example in Amsterdam) the aquifer is thicker than 50 m and the claim per m? of circulated water
may be lower.

Policies of European member states on SGE

SGE systems are widespread in Europe, with the longest application history in central Europe
(Austria, Germany, and Switzerland) as well as in Sweden. Next, a market developed in the Benelux
countries, France, Finland, Ireland, UK, and the eastern European countries. The current strong
increase in demand has changed the established market and resulted in the involvement of new
players with less experience. Strong quality assurance with accompanied training and certification
programs are urgently needed to prevent negative environmental impacts and damage to the
public perception of the technology (Eugster and Sanner 2007).

In 2009, an exploratory inventory was made amongst ENDWARE members (the informal
European Network of Drinking Water Regulators). Questions were asked on the penetration level
of SGE within their national territory, whether or not the regulators had considered the potential
impacts on underground water resources, and the availability of existing or scheduled policy
and regulation of underground systems within and outside groundwater protection zones. EU
Member States such as Germany, Sweden, the Netherlands, Poland, Estonia, Lithuania, and the
United Kingdom recognized the growing issue of energy-related activities in the underground
and the potential risk to groundwater supplies designated for the production of drinking water.
Estonia, for example, began drafting legislation in 2009 which resulted in legislation as of 2012,
which determined that ATES systems require approval under the Water act. In Poland attempts
to issue regulations have been made but there was at the time of the 2009 inventory no clear
legislation. In the latter country the land-owner has the right to extract the groundwater at
their property without any restrictions. Other EU Member States such as Lithuania, Italy, Czech
Republic, Portugal, Slovenia, and Cyprus are not aware of any specific requirements or do not
know about the technology and related regulations. In Norway the construction of SGE systems
is not prohibited but specifications and environmental protection measures are decided upon on
a case by case basis.

Comprehensive regulation is in force in traditional SGE countries such as Sweden, the United
Kingdom, Switzerland, Germany, and Austria. The CAR (controlled activities regulation) system in
Scotland allows the Scottish Environmental Protection Agency (SEPA) to control activities which
may have an impact on the water environment (both groundwater and surface water). It is the
key legislation that enables Scotland to achieve environmental improvements and to protect and
improve the water environment in a sustainable way in line with the aim and the objectives of
the Water Framework Directive. Sweden not only uses BTES and ATES systems but also Cavern
Thermal Energy Storage (CTES) systems. The regulation for BTES varies between different areas of
Sweden and for ATES and CTES the water laws and regulations apply.
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Within the countries with a developed market, national or regional water management
and/or groundwater protection authorities have published guidelines for the license proceedings
and for the construction and operation of the installations. The German VDI (Verein Deutscher
Ingenieure VDI-GET) (Reuss and Konstantinidou 2006) has developed technical guidelines for
the thermal use of the underground containing environmental aspects, basic requirements of
components, and installation techniques. The VDI worked together with experts from neighboring
countries like Switzerland, Austria, and Netherlands aiming to exchange experiences and to
harmonize and facilitate international rule making. The VDI documents are also meant to be
used as basic documents in the drawing up of European or international rules in harmonization
with institutions responsible for these rules (Sanner 2007). The EU wide review on policy shows
that great differences between countries exist. Often these are due to differences in the physical
environment and other uses of groundwater. But also the fact that SGE is a relatively new
technology and there is not a clear EU platform yet to exchange experiences, plays a role. A
global review on SGE policy was carried out by Hahnlein et al. (2010a) which showed that great
differences exist worldwide and only few countries have specific legislation dealing with SGE.

2.4 Discussion: subsurface technology development and regulation

From the presented overview on risks and policies relating to SGE we can identify two
developments that require further attention. First, new technologies are developed by one
sector without considering the impacts on other sectors. This not only poses potential threats to
groundwater resources and the subsequent drinking water supply, but also generates conflicts
with other potential users of the underground. This underscores the need for a cross-sectoral
approach that balances all interests and for the development of master plans of all subsurface
activities, not only drinking water and SGE. Traditionally, planning of underground works is
done on a single-project basis with little consideration of other future potential uses. This single
sector approach can produce interference between uses. Identifying the potential interferences
and synergies between different subsurface activities (Table 2-2) early in the planning stages of
regional (re-)developments, can avoid negative interferences between activities and allow for
innovative opportunities for sustainable use of the subsurface, for example using waste heat from
metro lines for heating buildings (Maire et al. 2006). Another interesting example is that of ATES
and BTES systems being within each other’s zones of influence. The notion that BTES systems
could recover (steal) heat injected by an ATES system was one of the drivers to allow regulators
to establish the earlier mentioned interference regions. A recent study by Drijver and Wennekes
(2013) showed however that this effect was in most cases <10% and could be both positive and
negative. Spatial subsurface planning is therefore required to minimize negative interference or
in combining subsurface activities to achieve a greater mutual benefit.
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Table 2-2 Matrix indicating interference between various subsurface functions
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Overall however, the speed of development and implementation of SGE systems has not
been matched by the responsible policy makers. Regulators need to be aware of the emerging
technologies and the activities of first movers on the market. New developments should be
considered and weighed for their potential adverse or positive impacts on other stakeholder
groups. Policy makers should strive to find a balance between setting unnecessary barriers to
the development and implementation of new technology, and the protection of important issues
such as safety as well as health and economic interests. The initial survey presented here on SGE
implementation and regulation in the EU showed that many Member States are unaware of the
activities within their territory or are unfamiliar with the concept at all. As a result, many countries
do not have any regulation in place to deal with SGE activities. This resulted in a situation where
regulation lags behind development and where unforeseen risks on the underground ecosystem
and drinking water resources go unchecked.
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2.5 Conclusions

Given the accelerating construction rate of SGE systems in the Netherlands and Europe, a
growing number of systems is expected in the vicinity of drinking water well fields and other
subsurface interests. This clearly indicates that water supply and energy supply are increasingly
becoming each other’s competitors for subsurface space. Although the risks that SGE can have
on drinking water production are widely known, a comprehensive strategy to manage risks and
monitor adverse impacts is currently lacking, other than a general restriction to apply SGE outside
groundwater protection zones and other strategic groundwater reservoirs, and to adhere to a
maximum injection temperature of 25°C.

The lack of a clear and scientifically underpinned risk oriented management strategy implies
that potentially unwanted risks might currently be taken at vulnerable locations such as near well
fields used for drinking water production, whilst at other sites the application of SGE is avoided
without proper reasons. We have recognized three main issues that should be addressed to secure
sustainable application of SGE: 1) Scientific research is required to further elucidate the impacts
of SGE on groundwater; 2) Cross-sectoral subsurface planning is required to minimize negative
conflicts between SGE and other subsurface interests; 3) EU wide guidelines and standards are
required for quality assurance and control when installing a SGE system.
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Abstract

In this chapter, chemical and microbiological water quality data are presented from an aquifer
thermal energy storage (ATES) system located 570 m from a public water supply well field in the
south of the Netherlands. The chemical data showed that the groundwater circulation by the
ATES system impacted on chemical groundwater quality by introducing shallow groundwater
with a different chemical composition at greater depth. This hypothesis was confirmed by
numerical groundwater flow and solute transport modeling. The observed concentration
changes were however sufficiently small to keep groundwater suitable for drinking water
production. Microbiological data showed that groundwater circulated in the ATES system
contained bacteria that with standard culture tests are characterized as fecal indicator bacteria.
Molecular identification however showed that most of these organisms were not related to a
fecal contamination and possibly naturally present in the aquifer. Two samples contained the
fecal bacterium Clostridium perfringens but the presence was not linked to ATES operation
and may be a relic of monitoring well construction. The presence of Clostridium perfringens
did not form a hygienic risk because of the sufficient travel time between the ATES wells and
the public supply well field.

3.1 Introduction

The exponential growth in the number of shallow geothermal energy (SGE) systems has led
to an increasing number of sites where SGE systems are realized just outside the groundwater
protection zones of public supply well fields (Figure 1-3). This often leads to discussions between
Dutch drinking water companies who want to protect their groundwater resources (contributing
around 60% of the national drinking water supply), and project developers who want to use
groundwater for SGE. This discussion is clouded by many uncertainties on the effects of SGE
systems on drinking water production in general and groundwater quality in particular. This
uncertainty is partially due to the lack of research using field data on the effects of low temperature
SGE systems on groundwater quality under Dutch aquifer conditions.

In chapter 2, we described that most published research focused on operational aspects,
such as scaling due to mineral precipitation occurring at high temperature systems, and was
based on either laboratory experiments (Griffioen and Appelo 1993), chemical equilibrium
modeling (Palmer and Cherry 1984) or a combination of both (Arning et al. 2006a). Very few
field data of SGE systems have been reported in peer reviewed literature to date. Monitoring data
for water quality has, to our knowledge, not been reported for BTES systems, and also data on
typical low temperature ATES systems as operated in the Netherlands have not been reported
in peer reviewed literature previously and only sporadically in grey literature (Dinkla et al. 2012).

The main questions in this chapter are i) whether ATES and drinking water production
can operate in the same aquifer at limited distance without negatively influencing each other,
ii) what the effects are of ATES operation on chemical and microbiological groundwater quality
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and iii) which processes dominate changes in groundwater quality. We used water quality and
temperature monitoring data from an active ATES system and nearby groundwater monitoring
wells to investigate the impacts on chemical and microbiological water quality. A selection of
observation data were analyzed quantitatively using a groundwater flow and solute transport
model.

3.2 Site description

The ATES system under investigation was constructed in 2003 and started operation in January
2005. The ATES system is located in the south of the city of Eindhoven, between highway A2 and
the Dommel River (refer Figure 31). The system is located between two Public Supply Well Fields
(PSWF), both operated by Brabant Water: Aalsterweg about 650 m to the east and Klotputten
approximately 570 m to the west. The ATES system is partly located within the groundwater
protection zone of the first mentioned PSWF. The groundwater protection zone is defined by the
area where infiltrating rainfall will reach the extraction wells within a period of 25 years. In this
area, activities that may compromise water quality are prohibited. In most cases, this includes the
establishment of an ATES system. In this case however, authorities allowed the system under the
condition that it would serve as a research site to investigate the effects of ATES on groundwater
quality. This location was selected, and not a site further away from the existing PSWF, by virtue
of the presence of groundwater monitoring wells with a background groundwater quality data
set. Also shown in Figure 31, is the 60 day protection zone, which is the area in the aquifer where
groundwater will reach the extraction wells within 60 days.

A hydrogeological cross section showing both ATES wells and the PSWF is shown in Figure
32. The ATES system is located in sections of the Sterksel aquifer consisting of coarse sand
between 5 and 55 m-MSL (meters below mean sea level). The systems consists of 10 ‘cold’ wells
(injecting cold water) and 10 ‘'warm” wells concentrated in four well clusters. During an average
climatic year, the design groundwater circulation of 2.6 x 10° m* generates 23,100 MWh. The
design average injection temperatures are 7 and 16°C in the cold and warm wells, respectively.
Temperature logs taken at monitoring wells uninfluenced by the ATES system show the natural
groundwater temperature in the Sterksel aquifer ranges between 10.5 and 12°C.

The Aalsterweg PSWF extracts groundwater from both the Sterksel aquifer (licence of 5 x 10°
m3/year) and the much deeper Kiezeloolite aquifer. The Klotputten PSWF extracts groundwater
from the much deeper Kiezeloolite aquifer (190 to 340 m-MSL). Groundwater head monitoring
data were used to derive the direction of groundwater flow through triangulation. This showed
flow velocities and direction of 54 m/year towards the north east when Aalsterweg is in operation
and 10 m/year to the north in case no pumping occurs at Aalsterweg.
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Figure 3-1 Location of the ATES system, monitoring wells and the two public supply well fields of Brabant
Water.
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Figure 3-2 Hydrogeological cross section over the ATES system and the Aalsterweg public water supply well
field. Position of cross section is shown in Figure 31

3.3 Methods

Field and laboratory methods
Monitoring of the ATES system was carried out by a Supervisory Control and Data Acquisition
(Scada) system. This system controls the acclimatization and logs the extracted and injected
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groundwater volumes and temperature on a daily basis and calculates the corresponding
delivered energy.

In order to assess the effects of the ATES system, we compared changes in groundwater
quality in two ATES wells, with the natural spatial and temporal variability in groundwater quality
in a number of reference wells. For this purpose, groundwater was sampled from two ‘warm’
ATES production wells (W09 and W10) and several groundwater monitoring wells (PB2, PB3,
PB5, PB6, PB7, PB8, PB12, PB13 and G0627), shown in Figure 31. From temperature readings
and mass balance calculations, groundwater samples drawn from the monitoring wells were
shown not influenced by the ATES. The chemical composition of these samples was therefore
considered to be representative of the ambient groundwater quality. Microbiological samples
were only collected from the ATES wells and not from the groundwater monitoring wells. We
used microbiological data from the Aalsterweg PSWF as a reference for the microbiological water
quality of ambient groundwater for the monitoring period 2005-2009.

Samples were analyzed for major ions, a selection of trace metals, dissolved organic carbon
(DOC), nitrate, ammonium and a selection of microbiological parameters. The location of the
monitoring wells is presented in Figure 31. The water of the two warm wells of cluster 4 was
sampled from a piezometer located in the gravel pack screened between respectively 35.8 —37.9
m-MSL (warm well W09) and 50.0 — 52.0 m-MSL (warm well W10). The wells were sampled
with a rather irregular frequency due to the irregular operation of the ATES system. The average
frequency was bimonthly over the period 2005 to 2009. All sampling and laboratory analyses
were done by Waterlaboratorium Zuid (Breda, the Netherlands). Laboratory analyses included:

- major cat-ions and metals with either ICP-MS or ICP-AES;

- major anions and silicate with flame photometry;

- bicarbonate with titration;

- methane with gas chromatography (GC-FID);

- DOC with oxidation and IR light detection;

- Escherichia coli (E. coli ), Enterococci and spores of sulfite-reducing clostridia (SSRC)
with membrane filtration (methods ISO 9308-1, ISO 7899-2 and Dutch NEN6567,
respectively);

- Heterotrophic colony count at 22 and 37°C (Method ISO 6222).

Following the sampling campaign between 2005-2009, an additional sampling round was
carried out in 2011 on both ATES wells and the monitoring wells sampled in earlier rounds, to
verify the presence of fecal bacteria and identify them. In addition two wells located further
away from the ATES system were sampled, serving as additional background monitoring wells
(B51G0890 and B51G0892 in Figure 3-1), and one monitoring well realized in 2011 within the
zone of influence of the ATES system (PB14). Sampling was done by collecting 40 L groundwater
with an optimized sampling protocol to avoid microbial contamination. This large volume sample
was split into 5 L samples for the microbiological analysis on E. coli, Enterococci and SSRC. The
influence of iron precipitation during filtration of these samples on the recovery was assessed by
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standard addition of E. coli in a separate sample. The recovery of the E. coli enumeration was
26%. The results of microbial analysis were corrected for this (low) recovery percentage.

Presumptive positive colonies were sampled for DNA followed by sequencing of PCR-
amplified bacterial 16S rRNA genes (approximately 1250 nucleotides) for Enterococci and SSRC.
The assembled sequences were compared for further identification with sequences deposited in
GenBank using BLAST (Altschul et al. 1990).

Numerical modeling of the field data

The groundwater flow conditions and resulting sulfate concentrations observed in a selection
of the ATES wells were simulated using Modflow (Harbaugh et al. 2000) for groundwater
flow coupled with MT3DMS (Zheng 1990) for solute transport. Sulfate was chosen here as a
key parameter showing the largest deviations from observed ambient concentrations (further
detailed in results and discussion section). This modeling framework considers solute transport
by advection (based on the flow field calculated by Modflow) and dispersion. The coupling
between the extraction and injection well and mixing is done by assigning a negative input solute
concentration (CSS) to the MT3DMS sinks and source packages, according to (Zheng 2010):

CSS =-NCOL x NROW x (K-1)+ NCOLx (I-1)+7J (3-1)

where NCOL and NROW are the total numbers of columns and rows in the model, respectively,
and K, I, J are the layer, row, and column indexes of the model cell in which the extraction cell
is located whose concentration is to be used as the input concentration of the recirculation
well. The method allows for using 1 grid cell as the extraction well coupled with the injection
well. In the model the extraction well is set in all layers in the Sterksel aquifer by assigning the
extraction cell in the top cell in the Sterksel aquifer and giving underlying cells in the aquifer a
very high conductivity (10° m/d). The observed SO, variation with depth is used to describe the
initial conditions for each layer. Reactive transport was not included in the model (although this
is possible in MT3DMS), because the processes included already provided sufficient detail to
describe the main trends in observed sulfate concentrations. This does not mean that reactive
processes can be completely ruled out, merely that the observation data and temperature
differences at the ATES site were insufficient to quantify the temperature dependence of this key
biochemical process. In chapter 5, we used anaerobic laboratory experiments to investigate this
process in more detail.

The model’s hydrogeological setup is based on the geological cross section presented in
Figure 32. The Aalsterweg public supply well field comprises of two north-south trending well
fields of roughly 1 km length located 600 m east from the ATES system. The effect of this well field
on the ATES system is simulated by a constant head boundary at the east and west boundaries of
model domain which sets the hydrological gradient imposed by the well field. Table 3-1 provides
further details on the model discretization, boundary and initial conditions.
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Table 3-1 Summary of discretization, model parameters, and boundary and initial conditions used for

Modflow/MT3DMS modeling.

Model aspect

Model value

Model discretization
Model domain
Horizontal discretization

Vertical discretization

Flow parameters (Modflow)
Horizontal conductivity (K,)
Based on values of the Dutch
geological database (REGIS )
accessible via www.dinoloket.nl

Vertical conductivity (K))
Also from REGIS

Porosity (n)
Specific storativity (S,)
Boundary conditions

ATES system

Initial conditions
Time discretization

Transport parameters (MIT3DMS)
Longitudinal dispersivity

Horizontal and

transverse dispersivity

Diffusion
Advection

Boundary conditions

Initial concentration

1x1km?

40 x 40 m? at the boundaries
5x5 m?at the center of the model near the ATES system

16 layers, representing Boxtel semi-confining layer (4 layers)
and Sterksel aquifer (12 layers)

Upper Boxtel (+20 to 0 m-mean sea level, MSL): 20 m/d (medium
fine sand)

Lower Boxtel (0 to -5 m MSL): 0.05 m/day (sandy clay)

Sterksel (-5 to -55 m MSL): 30 m/d (medium coarse sand)

Upper Boxtel: 10 m/d

Lower Boxtel: 0.01 m/day

Sterksel: 15 m/d

0.35

10 m™!

Ambient flow field with hydraulic gradient towards the Brabant
Water Aalsterweg simulated by constant head boundaries at east
and west boundaries of the model simulating an ambient flow
velocity of 55 m/year.

Simulated with injection and extraction wells
(based on average monthly extraction rates of 25 m3/hour)

Bases on steady state results

Total simulation time: 3 years. Each year comprises:

- 100 days extraction from warm well, injection in cold well during
winter

- 80 days storage period

- 100 days extraction from cold well, injection in warm well during
winter

- 80 days storage period

25m
0.25m

ignored
Third-order TVD (total-variation-diminishing) scheme
(time discretization based on a Courant number of 0.75)

Solute sinks at extraction wells
Solute sources at injection wells, based on average extraction sulfate
concentration calculated by MT3DMS by use of Equation (3-1).

Fixed concentration at all outer model boundaries (based on
observed SO, gradient):

- Boxtel aquifer: 40 mg SO,

- Upper part of Sterksel aquifer (5 to 25m BSL): a linear gradient
from 40 to 5 mg SO,

- Lower part of Sterksel aquifer (25 to 55 m BSL): 5 mg SO,

Same depth distribution as boundary conditions
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Results

Flow and temperature data

Temperature monitoring data showed that in summer, water temperature in the warm wells
increased up to 28°C; while in winter the temperature in the cold wells decreased to a minimum
value of 6°C (Figure 33). During July 2005 and August 2006 the cold and warm wells of clusters
1 and 2 reported similar temperatures in excess of 20°C. This is unlikely to be representative
of the temperature of the groundwater. The temperature sensor may have been influenced by
atmospheric heat or heat generated by the pump. Ignoring the periods that the temperature
sensor may have been influenced by external factors, we see that the temperature difference
between the warm and cold wells ranges between 3 to 5°C, which is less than the design
temperature difference of 9°C. It reaches a temperature of 7°C during injection in winter and of
16-18°C during injection in summer.
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Figure 3-3 Pumping rates and water temperatures in ATES wells from the four well clusters.
Ambient chemical groundwater quality
The ambient chemical depth profiles for NO,, dissolved Fe, SO,, and CH, shown in Figure 3-4

reveal a typical redox zonation as described by Appelo and Postma (2005) with a transition from
post-oxic groundwater to a depth of around 20 m-MSL to methanogenic groundwater below 30
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m-MSL. Possible sources for the elevated concentrations in shallow groundwater include historic

changes in atmospheric deposition (for SO, and NH,), road de-icing salt (Na & Cl), leaky sewers
(all), and fertilization (NO,) (Broers and van der Grift 2004, Appelo and Postma 2005).

Nitrate presentin shallow groundwater is likely to be reduced by reactive geochemical
sediments. Geochemical data of aquifer material from the Sterksel aquifer at the Langerak
pumping station indicate that pyrite and organic matter and to a lesser extent siderite are the
driving reductants for this process (Stuyfzand 1998, Stuyfzand 2001, Hartog et al. 2002, Appelo
and Postma 2005). This shows that while the shallow groundwater in the aquifer is likely to be
influenced by changes in land use and (urban) pollution at the land surface, the deeper section
of the aquifer is better protected from polluting activities at land surface but highly reduced and

containing methane.
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Figure 3-4 Hydrochemical depth profiles showing minimum and maximum concentration in shaded area
surrounding the average concentration indicated as a black line. Profiles are based on data from monitoring
wells PB2, PB3, PB5, PB6, PB7, PBS, PB12, PB13 and G0O627. The red vertical lines indicate the reporting limit.
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ATES chemical water quality

A selection of time series for the ATES water quality is plotted in Figure 3-5. Each graph includes
a bar chart showing the extraction rate of the ATES system and two blue lines showing the
minimum and maximum concentration for a given element in the ambient groundwater at a
given depth, as derived from the data shown in Figure 3-4. For most parameters, the time series
of the two sampling points show nearly identical data during periods of injection but they differ
from each other during periods of extraction. This is explained by a common source of water
during injection (i.e. the cold wells) and the difference in origin or extraction depth during periods
of extraction.

The variation in the conservative element chloride is in the order of only a few mg L.
However, the concentration is higher than observed in ambient groundwater. The SO, maximum
concentration of the ATES water is 20 mg L™, which is about four times higher than the maximum
observed in ambient groundwater at the same depth. The SO, concentration is still well below
the maximum admissible concentration (MAC) for drinking water of 150 mg L. The nitrate
concentrations in the ATES water (0.3 to 1.0) are just above the limit of quantification (LOQ) of
0.3 mg NO, L. These values are in the same order of magnitude as observed in the ambient
groundwater at this depth (0.3 to 1.4 mg NO, L"). The dissolved organic carbon (DOC) data show
a slight increase over time: from around 2 mg L' between 2005 to 2007 to maximum values
of 2.5 to 3 mg L' between 2007 and 2009. The iron data show a cyclic pattern with high iron
concentrations during injection and low concentrations during storage and extraction.

The most logical source for the elevated Cl concentrations in the ATES water is a fraction of
shallow groundwater which is extracted in the upper part of the filter of the cold well, mixed with
deeper groundwater, and injected in the warm well. In order to test whether the varying sulfate
concentrations can also be explained by this process SO, was plotted against Cl (Figure 3-6) which
shows that the ATES samples plot on a mixing line between the samples collected in the upper 20
m of the Sterksel aquifer and the lower part of the Sterksel Aquifer. As there are no geochemical
Cl sources in the aquifer (which holds for most Dutch shallow aquifers) we can assume that a
large fraction of the elevated SO, concentrations can be explained by conservative mixing.
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Figure 3-6 Sulfate versus chloride for samples taken from monitoring wells (ambient groundwater) and
samples of ATES water.
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ATES microbiological water quality

Table 3-2 presents a summary of the results of the microbiological analyses of water sampled from
the ATES wells and the ambient concentrations as analyzed from groundwater sampled from the
wells at the Aalsterweg PSWF. The drinking water directive (98/83/EC) determines that water used
for human consumption must be free of E. coli and Enterococci (0 CFU/100 mL). The data show
that fecal indicator bacteria E. coli, Enterococci, and SSRC were detected in the ATES samples
while none of ambient groundwater samples revealed these bacteria. We note that while most
positive analyses of E-coli and Enterococci were in the range of 1 to 5 CFU/100 mL, one sample
reported counts of E-coli and Enterococci of 120 and 9 CFU/100 mL, respectively (individual
data not shown in Table 32). The colony count data showed a higher microbiological activity
in the underground near the ATES wells compared to the activity under ambient groundwater
conditions, especially for bacteria which grow at higher temperatures.

Table 3-2 Summary of the microbiological data for ambient groundwater and ATES water collected between
2005 and 2009.

Parameter Ambient ATES well W9 ATES well W10

Groundwater

Aalsterweg PSWF

Pos n Pos n Pos n
E. coli per 100 mL 0 118 2 29 1 29
Enterococci per 100 mL 0 13 6 29 4 29
SSRC per 100 mL 0 10 19 29 17 29

y max y max 9] max
Colony count 22°C (CFU/mL) 195 8.1x103 1.6x103 1.1x104 2.4x103 8.4x10°
Colony count 37°C (CFU/mL) 1.3 12 454 4.0x10° 435 3x10°

Note 1: Abbreviations used: Pos: Number of samples analyzed positive for the occurrence of bacteria; n: total
number of samples analyzed; p: average colony count; max: highest colony count. SSRC: spores of sulfite
reducing clostridia; CFU: colony forming unit.

In verification monitoring round in 2011, in one 5 L water sample from the ATES system coliforms
were detected. These colonies however tested negatively for E. coli. Thus, the observations of
E-coli (3 observations) in the 2005-2009 monitoring series, were not confirmed in the 2011 higher
volume sampling round. Contrary to the absence of E-coli, the results of the first monitoring
campaign for enterococci and SSRC were confirmed. In all groundwater samples, SSRC and
enterococci were found at concentrations of 0.01 — 2.2 CFU/100 mL. These observations are
in agreement with the result of the first set of data where enterococci and SSRC were regularly
observed in the 100 mL samples (Table 3-2).

Molecular identification however showed that DNA sequences derived from the enterococci
colonies have the greatest resemblance (99-100%) with Staphylococcus pasteuri or Staphylococcus
warneri, which are not of fecal origin. DNA sequences derived from the SSRC medium showed the
greatest resemblance (95-100%) with Clostridium frigidicarni, Paenibacillus konsidensis, Bacillus
circulans/ Paenibacillus spp, Paenibacillus terrae/Paenibacillus spp, Clostridium subterminale/C.
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thiosulfatireducens, Pseudomonas putida, Clostridium ruminantium, Clostridium bifermentans/C.
difficile, and Paenibacillus caespitis/ Paenibacillus spp. These are frequently observed in soil
environments and therefore assumed to be not an indication of a significant fecal contamination.
In two water samples collected from monitoring wells PB14 (north of W10, Figure 3-1) and
B51G0890 (reference) sequences were identified closest matching Clostridium perfringens (99-
100%) which is a bacterium of fecal origin. The presence of the relatively persistent spores of C.
perfringens indicates a fecal contamination source that is not active any more.

Numerical modeling of field data

A more quantitative analysis of the mixing process inferred to be responsible for the cyclic behavior
is provided by groundwater flow and solute transport modeling. Cross sections of the modeling
results (Figure 3-7) clearly show the extraction, mixing, and injection during ATES operation
which disturbs the natural stratified sulfate distribution with high sulfate concentrations in the
Boxtel aquifer and upper Sterksel aquifer, and low concentrations in the lower Sterksel aquifer,
generating plumes of ‘injected ATES water’ with an average concentration of both aquifer layers.
The close vicinity of the PSWF causes a relatively high groundwater flow velocity. This causes the
injected plumes of ATES water to drift away with the ambient groundwater flow towards the
PSWF while somewhat fading out due to dispersion. Also visible in the cross sections, is that
the drifting plume of injected ATES water, actually flows from one ATES well to the adjacent
coupled ATES well, thus causing a second jump in the breakthrough of mixed ATES water. This is
highlighted with the red circles in Figure 3-8, displaying this second breakthrough in the observed
data.

The agreement between observed and simulated sulfate concentrations (Figure 3-8)
indicates that the process of extraction, mixing, and injection can adequately describe the
observed oscillations in sulfate concentrations. The observed and modeled sulfate concentrations
show that the injected, heated, and chilled water actually floats away from the ATES wells before
being recovered in the subsequent season. Temperature data in the ATES warm and cold wells
presented in Figure 33 show that the temperature in the ‘warm’ well is increased during summer
and decreased during injection in the ‘cold” well during winter. When extraction starts in the
subsequent season, the temperature in the ATES well has returned to near ambient conditions
confirming that the ATES water has drifted away before it can be recovered. This is a-typical for
most areas in the Netherlands where groundwater flow velocities are quite low and indicates that
areas near existing well fields are not very suitable for ATES systems because stored heat is likely
to drift away before it can be recovered.
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Figure 3-7 Simulated sulfate concentrations (color shading) during several periods over the 3 year simulation
period. Two ATES wells (K9 and W10) are shown, top left panel shows location of the monitoring screen set
in the annulus of W10. The observed and simulated SO, concentrations for this monitoring screen are shown
in Figure 3-8.
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Figure 3-8 Measured and observed sulfate concentrations in ATES well W10 with screen between -50 and
-52 m-MSL over the period 2007-2010. The circles show the second breakthrough of ATES water from the
adjacent ATES well (see to text for further description).

3.4 Discussion

Overall, the data and modeling of the field site showed that ATES operation changed the
natural water quality zoning in the aquifer. This water quality zonation is likely the result of
the typical sequence of redox processes occurring in the aquifer (denitrification, iron-reduction,
sulfate-reduction and methanogenesis) (Appelo and Postma 2005) and changes in historic
input of solutes with recharge (Broers and van der Grift 2004). The re-distribution of electron
acceptors may impact on the local redox conditions and the microbial communities present.
Redox conditions are important for a number of geochemical processes, for example the sorption
and mobility of trace metals (Lovley and Coates 2000, Appelo and Postma 2005, Wallis et al.
2011) or the degradation of organic micro-pollutants (Greskowiak et al. 2006). The redistribution
of electron acceptors may cause shifting redox conditions and associated water quality changes.
These secondary redox impacts were however not observed in this ATES system as the injected
water drifted away before it was recovered again.

In a more generic sense, however, it can be stated that the vulnerability of the public supply
well field is increased because shallow water, more influenced by human activity is brought to a
depth where it can travel through coarser sediment layers and reach the public supply well field
more rapidly. In addition to this, the capacity of the aquifer to buffer contaminants (sorption
of organic contaminants to organic matter or metals to iron-oxides, or by reducing introduced
oxidants) may decrease with depth as the aquifer shows a downward coarsening of sand texture.

The absence of pathogens is of paramount importance to the suitability of groundwater
for drinking water supply, especially in the Netherlands where chlorination or other disinfection
treatment methods are hardly used in preparing drinking water from groundwater (Smeets et al.
2009). The elevated counts of the indicator bacteria (E. coli) point to a recent fecal contamination
which was however not confirmed in a monitoring campaign with optimized sampling of large
volumes indicating that either system was only temporarily open to fecal contamination or that the
sample was contaminated. Molecular identification showed that most SSRC and all enterococci
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are not of fecal origin but part of the naturally occurring bacteria population, and therefore
designated as false positives. This highlights the need for colony identification of presumptive
fecal colonies observed in the culture methods commonly used in microbiological water control,
especially when fecal indicator parameters are used in groundwater environments which provide a
complex habitats for microbial communities (Griebler and Lueders 2009). The natural occurrence
of enterococci in soils was also noted in a recent extended review on enterococci as a fecal
indicator bacterium (Byappanahalli et al., 2012).

The positive identifications of Clostridium perfringens and absence of other fecal bacteria,
indicated that fecal contamination occurred in the past (Bisson and Cabelli 1980). Spores of
clostridia are very persistent and can survive very long times in natural environments (Medema et
al.,1997; Hijnen et al., 2009) A more recent study further shows that this indicator is only valid
to point at contamination of excreta from non-herbivorous wildlife, human sewage, or excreta of
dogs and cats in urban areas (Vierheilig et al. 2013). Because Clostridium perfringens is observed
in both a monitoring well near an ATES well (PB14) and a reference monitoring well located far
from the ATES system (B15G0890), the contamination is not likely to be related to the elevated
temperatures caused by the ATES system. The fecal contamination of these monitoring wells may
originate from the construction phase when the work was not carried out under hygienically
safe conditions. This is however not specific for ATES and can occur in any monitoring well,
groundwater extraction wells or BTES borehole, if drilled with unhygienic work water or drilling
tools (Driscoll 1986) or if the boreholes were not properly sealed to prevent inflow of surficial
water (Knappett et al. 2012). Data from field and column experiments reported in literature show
however that under Dutch aquifer conditions, a subsurface residence time ranging between 60 to
110 days is generally sufficient to reduce the presence of micro-organisms to an acceptable level
(Hijnen et al. 2005, Wielen et al. 2008). Considering that the ATES system, and the monitoring
wells where Clostridium perfringens were observed, are situated on the edge of the 25 year
groundwater protection area, it is unlikely that the PSWF was at risk from the past microbiological
contamination indicated by Clostridium perfringens.

Overall, for the current ATES system under investigation, solute concentrations remained
below the MAC limits for drinking water. The fecal indicators that were identified do not form a
likely threat as there is a sufficient travel time between the locations where these were observed
and the extraction wells. We can conclude that there are no indications that groundwater became
less suitable for drinking water production at this location. However, the data do indicate that
ATES impacts on groundwater quality. The magnitude of the effects and processes described
here on a PSWF's raw water quality depends on the ATES system design (well depths, injection
temperature and production rate), aquifer conditions (groundwater quality gradients, conductivity
and anisotropy), the PSWF setup (screen depth), land use and pollutant input. An unfavorable
combination of system design and aquifer conditions may cause the impacts observed here to be
more pronounced, making groundwater less suitable for drinking water production.
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3.5 Conclusions

The chemical data showed that groundwater circulation by the ATES system impacted on
chemical groundwater quality by introducing shallow groundwater with a different chemical
composition at greater depth. This hypothesis was confirmed by numerical groundwater flow and
solute transport modeling. The observed concentration changes were sufficiently small to keep
groundwater suitable for drinking water production. Mixing by the ATES system may however
change the vertical distribution of redox conditions which can, depending on site specific
conditions, impact on the mobility of trace elements and degradation of organic contaminants
or mobilize shallow anthropogenically influenced groundwater. This is added to the effect of
temperature changes by storage of thermal energy. The combination of mixing and bubble drift
however prevented an adequate analysis of the temperature induced changes and necessitated
us to resort to laboratory experiments to focus on this aspect, described in the following chapters.

Microbiological data showed that groundwater circulated in the ATES system contained
bacteria that with standard culture tests are characterized as fecal indicator bacteria. Molecular
identification however showed that most of these organisms were not related to a fecal
contamination and possibly naturally present in the aquifer. Two samples contained the fecal
bacteria C. perfringens but the presence was not linked to ATES operation and may be a relic
of the construction of the monitoring well. The presence of C. perfringens however formed no
hygienic risk because of the sufficient travel time between the ATES wells and the public supply
well field.
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Temperature-induced impacts on mobility of arsenic

and other trace elements

Slightly modified from: Bonte M., van Breukelen, B.M. and Stuyfzand PJ. (2013) Temperature-
induced impacts on groundwater quality and arsenic mobility in anoxic aquifer sediments used
for both drinking water and shallow geothermal energy production. Water Research 47(14):
5088-5100.



Abstract

In this chapter, we report the results of column experiments to assess the impacts of
temperature variations (5°C, 11 °C, 25 °C and 60 °C) on groundwater quality in anoxic reactive
unconsolidated sandy sediments derived from an aquifer system widely used for drinking
water production in the Netherlands. Our results showed that at 5°C no effects on water
quality were observed compared to the reference of 11°C (in situ temperature). At 25°C, As
concentrations were significantly increased and at 60°C, significant increases were observed
in the pH and dissolved organic carbon (DOC), P, K, Si, As, Mo, V, B, and F concentrations.
These elements should therefore be considered for water quality monitoring programs of
shallow geothermal energy projects. No consistent temperature effects were observed for the
trace elements Ba, Co, Cu, Ni, Pb, Zn, Eu, Ho, Sb, Sc, Yb, Ga, La, and Th, all of which were
present in the sediment. The temperature-induced chemical effects were probably caused
by (incongruent) dissolution of silicate minerals (K and Si), desorption from, and potentially
reductive dissolution of, iron oxides (As, B, Mo, V, and possibly P, and DOC), and mineralization
of sedimentary organic matter (DOC and P).

4.1 Introduction

In the previous chapter we presented the monitoring results from an ATES system located near a
drinking water pumping station. The combination of mixing and bubble drift at the investigated
site prevented us to carry out an adequate analysis of the temperature induced changes and
necessitated to resort to laboratory experiments to focus on the thermal impacts on water quality.
The behavior of trace elements and heavy metals was however not investigated in any of these
aforementioned studies. In order to investigate the temperature driven hydrochemical changes,
in particular the mobility of trace elements and heavy metals, we carried out anoxic column
experiments at 5, 11, 25, and 60°C and analyzed a broad suite of chemical species, including
major ions, trace elements, nutrients, and dissolved organic carbon. As stated in the review
presented in chapter 2, in particular the mobility of trace elements and heavy metals under
changing temperatures in SGE systems is unknown and this was a particular focus of these
experiments.

The objectives of the research presented in this chapter were to (i) present an overview of
the naturally occurring elements including trace metals that can be expected to be mobilized due
to a temperature increase caused by ATES operation, (ii) identify the associated processes causing
their mobilization, and (iii) provide guidelines for monitoring near shallow geothermal systems.

4.2 Materials and methods

Sediment collection, characterization, and geochemical analyses
Sediments and water used in the column experiments were collected in the Netherlands at sites

54 | Chapter 4



in Helvoirt (sediment samples H1 and H2) and Scherpenzeel (sediment sample S) and consisted
of unconsolidated anoxic sand from Sterksel formation. This formation is widely used for both
drinking water production and ATES (Figure 4-1).

The sediment samples were collected using cores from boreholes drilled with the percussion
drilling method. A minimum amount of drilling water (drinking water produced from the Sterksel
aquifer sparged with N, gas to make it anoxic) was used to avoid contamination and keep
sediments anoxic. Samples H1 and H2 were stored in a glovebox under nitrogen atmosphere.
Sample S was stored in a second PVC liner filled with water sparged with N, gas and spiked with
an anti-oxidant (NaHSO,) in order to avoid permanent gas use in the glovebox.

A combination of geochemical analyses was used to characterize the sediments (Table 4-1,
Table S4-1). The measured geochemical parameters were also used to calculate relevant reactive
capacity properties: pyrite content, non-pyrite reactive iron (iron oxides) based on empirical
relations derived for Dutch sediments (including the geological formations used here) reported
by Griffioen et al. (2012).

/ .Sampling site
Built up areas
Thickness of Sterksel
in meters

- High : 72.5

L Low 0.0

Amsterdam

Scherpenzeel (Sediment S)

Rotterdam

The Netherlands and extent

of the Sterksel formation
Germany

HéIVoirt (Sedﬁnent H1&H2)

Belgium

- O S

Figure 4-1 Sediment sampling locations and extent of Sterksel Formation (data courtesy of the REGIS

geological database)

Influent water collection and characterization

The boreholes used to collect the cores were completed as monitoring wells and used to collect
groundwater that served as influent for the column experiment. The depth of the well screen
corresponded within 5 m from the depth that the sediment was collected from. Groundwater
was collected in a stainless steel 60 L pressure barrel using a submersible sampling pump at 20 m
below the water table. Prior to sampling, the pressure barrel was first depressurized to 0.4 atm
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and then filled with pure N, gas to 1 bar pressure for three consecutive times. The monitoring well
was purged at around 1 m*hour for 30 minutes prior to sampling while assuring that electrical
conductivity (EC), pH, temperature, and dissolved oxygen (DO) were stable. Groundwater was
filtered in-line with a 0.45 um filter. The influent barrel was filled completely, thereby removing
the complete gas filled head space with an adjustable pressure relieve valve. Collected influent
was chemically characterized over the running time of the experiment using the analytical
techniques discussed below. Results are summarized in Table 4-2 showing mean concentrations
and standard deviation. The partial CO, pressure (P_,), redox potential (pe), and charge balance
were calculated with PHREEQC (Parkhurst and Appelo 1999).

Experimental setup

Sediment cores were unpacked in a glove box under a N, atmosphere, mixed thoroughly for 30
minutes using stainless steel spatulas to obtain a homogeneous sample, and repacked in four 0.4
m long stainless steel cores (polished and HNO, washed (pacified) steel quality S5304) with an
internal diameter of 0.066 m.

The cores were then placed in the experimental set-up shown in Figure 4-2 and kept at
temperatures of 5, 11, 25, and 60°C. The entire setup was placed in a 11°C climate room, the
5°C core was additionally cooled with a circulation cooler, and the 25 and 60 °C cores were
heated with heating mats (Mechaheat custom made). Influent water was kept at a constant
excess pressure of 1 atm (compared to atmospheric pressure) by replacing the water removed
from the tank by a mixture of N,/CO, gas. The CO, fraction was adjusted to the value under
field conditions. A flux of 0.37, 0.37, and 0.33 mL/min was applied to sediments H1, H2, and
S, respectively, resulting in a 1 day residence time. A pressure relieve valve maintained an excess
pressure within the sediment cores of 1 atm. The length of the experiment was 24 days for
each sediment resulting in 24 pore flushes. Dissolved oxygen (D.0.) and pH of the influent were
continually logged with an in-line sensor (Mettler Toledo Easysense pH31 and 0,21).

Steel cores were used because it was essential to keep the sediment anoxic and frequently
used plastics like Teflon or Polypropylene are permeable to oxygen (Kjeldsen 1993). Stainless
steel quality SS304 (EN standard 1.4301) used here however contains Ni (8-11%) and Cr (18
and 20%) and this could thus interfere with the testing results. Blank testing of this steel using
demineralized water indicated that only Ni and Fe can leach in significant amounts of 7 pg L
and 80 pg L' (at both 25 and 60°C), Mo was observed just above the MDL (2 pg L' at both
temperatures), whereas no significant effects were measured for Cr and V (Table S4-3).
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Figure 4-2 Experimental setup used for anoxic column experiments. Photos of the setup are shown in the
appendix (Photo S4-1 and Photo S$4-2).

Hydrochemical analyses

Alkalinity of in- and effluents was measured by titration with H,SO, down to a pH of 4.3. Major
cations, trace elements, and heavy metals were analyzed with inductively coupled plasma optical
emission spectrometry (ICP-OES, Varian 720 ES-axial), anions with ion chromatography (Dionex
DX-120 IC equipped with lonPac AS14 column), NH, by colorimetry (Labmedics Aquakem 200),
and DOC was measured using high temperature catalytic oxidation (Shimadzu Model TOC-500A
analyzer). Quality of the analyses was verified by calculating the electrical balance with PHREEQC.

Data analysis

In order to get a comprehensive overview of the temperature dependence in leaching behavior
for the substances, we calculated the mean leaching concentration during the testing period at
5°C, 25°C, and 60°C and compared it to the reference of 11°C (which is the in-situ temperature).
The significance of the difference in concentrations was tested at a 95% confidence levels with
a Mann-Whitney U (MWU) test. This test is comparable to the more frequently used t-test but
does not require a normal distribution. Statistical calculations were performed using the SciPy
module (Anonymous 2012). All calculations for redox speciations and saturation indices (SI,
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the logarithm of the ratio of ion activity product and solubility product) were carried out using
PHREEQC (Parkhurst and Appelo 1999).

Table 4-1 Geochemical and hydraulic characteristics of the sediments used in the column experiments

Sample code and
Location

H1:

H2:

S:

Helvoirt Helvoirt Scherpen-

zeel
Sampling depth (m-surface 44-46 32-34 34-36
level)
Measured parameters Method Unit
Reactive organic matter Thermogravimetric analysis: % d.w. 0.24 0.15 0.06
(LOI330) Loss on ignition (LOI) at 330,
Bulk organic matter (LOI550)° 220 and 1000°C 0.76 0.48 0.14
Carbonate content (LOI1000) 6.00 0.54 0.74
Clay content Laser grain size analyses (Fritch 3.76 2.21 1.34
Median grain size (d,) A22) um 187 244 310
S Carbon Sulfur (CS) % d.w. 0.1 0.03 0.05
Combustion Analyzer (LECO)
Minerals present X-Ray diffraction (XRD, Bruker quartz, K-feldspar, albite, ferrian
D8 advance) clinozoisite(C), muscovite (A&B),
calcite, dolomite, ankerite (B)
Cr,0, X-ray fluorescence (XRF) % 0.037 0.028 0.001
Fe,0, 1.36 1.02 0.59
AlO, 4.04 4.55 3.36
As LiBO, fusion followed by ppm 5.7 2.9 3.7
Mo HNO3 digestion and 0.2 58 0.1
inductively coupled plasma -
Y mass spectrometry (ICP-MS) I8 Uz <
Be 2.00 <1 <1
Calculated parameters Equation Unit
Bulk density, p, Weight / volume gcm? 1.94 1.94 2.12
Porosity, n N =Py Przo” Peois™ Prizo) 0.43 0.43 0.32
Pyrite® 0.5*S*M,.,/M, %dw. 019  0.06 0.09
Reactive iron (iron oxides)® 2*M /M *(Fe203- 0.87 0.61 0.48

Fe203

(0.225*A1,0,-0.91%)) -
0.5*5*M, /M,

a: corrected for structural water loss from clay according BOM = LOI550 — 0.7 x Clay% (Breeuwsma 1987).

b: based on Griffioen et al. (2012) with M

Fes2, MFe, Mg M 05

being the molar masses of FeS,, Fe, S, and Fe,O.,

respectively (55.8, 32.1, 159.7), and Fe,O, and Al,O, the % d.w. of iron oxides and aluminum oxides in
sediment determined by XRF, and S being the content of sulfur determined with the CS combustion analyzer.
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Table 4-2 Chemical characteristics of the influent water showing mean concentrations and standard

deviations. Detection limits are shown in Table 54-2

Parameter Unit Detection limit Effluent H1 Effluent H2 Effluent S
pH - 7.0£0.1 6.9+0.2 7.3+0.2
EC(20°C) uS cm’! 240+5 232+10 202+5
Alkalinity meq L’ 1.4+0.1 1.3+0.1 2.0+0.2
Peo atm 0.010 0.010 0.006
pe - -0.4 -1.4 -1.0
Charge balance % -2.40% 3.30% 0.90%
Cl 0.1 27.8+0.8 27.6+0.6 7.1£0.2
SO, 0.1 8.0+0.3 7.9+0.1 6.0+0.1
NO, 0.1 <0.25 <0.25 <0.25
NH, 0.01 0.4+0.1 0.5+0.1 0.1+0.01
DOC 0.2 2.3+0.07 2.0+0.06 0.6+0.03
Na mg L 0.006 12.0£0.1 13.5+0.9 5.6+0.2
K 0.004 1.1+0.02 1.6+0.4 0.8+0.1
Ca 0.02 28.2+£2.0 25.7£2.0 29.9+0.8
Mg 0.01 2.2+0.2 2.3+0.3 2.2+0.1
Fe 0.001 0.3+0.1 3.7+£3.2 0.3+0.1
Mn 0.001 1.5£0.01 0.9+0.01 0.1£0.01
Si 0.01 10.4+0.1 10.8+0.3 5.2+0.9
tot-P 5 12+7 43+8 65+20
Al 3 <1 1+£0.5 <1

As 1 2+0.2 6+2 6+5.8
B 4 4+0.1 4+1 1+0.4
Cr g Lt 0.5 0.6+1 1.0+2 0.9+1
F 20 70+23 47+15 64+6
V 1 <1 <1 <1
Mo 1 1£0.2 1£0.1 2+1
Be 0.02 <0.02 <0.02 <0.02

Arsenic sorption isotherms

Column experiments are well suited to determine sorption isotherms and their thermodynamic
parameters (Griffioen et al. 1992, Limousin et al. 2007). We applied the method derived by
Jacobson et al. (1984) to derive the sorption isotherms at the different testing temperatures for
arsenic sorption to iron oxides using the arsenic elution data of sediments H2 and S:

1%
S(C):SO—ZI(V(C)—VO)dc (4-1)

where S(C) represents arsenic bound to iron oxides present in the sediment (ug As / g Fe) in
equilibrium with the dissolved concentration c (ug L"), V(c) is the volume of effluent (mL) passed
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to reach concentration c (ug L), V, is the pore water volume of the column (mL), m is the mass
of iron oxides present in column (g), which is equal to the weight percentage (%) of reactive Fe
shown in Table 4-1 multiplied by the total sediment weight and S is the initial amount of arsenic
present in the column. We note that the sorption isotherm was not calculated for sediment
H1, because at 5°C and 11°C, As concentrations remained below detection limit. Equation (4-
1) essentially represents a mass balance tracking the sorbed concentration starting at S, at the
start of the experiment, which is then reduced with progressive flushing of the sediment. S is
estimated by integrating the area under the 60°C arsenic leaching curve, extrapolated to the
point where all arsenic is leached out. In order to extrapolate the eluent curve, we used Eq (4-2)
which is based on the observation that As versus the total flushed volume shows an exponentially
decreasing pattern. Plotting Ln[As] versus the total flushed volume thus yields a straight line. The
area under the line, representing the total leachable amount of arsenic per g of iron oxide can
then be calculated with:

am

S, (4-2)
where C and a are the intercept (ug L") and slope (L), respectively, obtained from a plot of Ln[C]
versus the flushed volume (L). The supplementary information contains plots to further detail the
application of Egs. (4-1) and (4-2) to the eluent data. The derived sorption isotherms were fitted
with both Freundlich (Eq 4-3) and Langmuir (Eq 4-4) isotherms, commonly used for As sorption
(Kanel et al. 2005, Banerjee et al. 2008):

S, =K, C" (4-3)
CK
S, =8 — (4-4)
I+K,C

where S, and S are the mass of arsenic sorbed (ug g) for the Freundlich and Langmuir isotherm,
respectively, Cis the equilibrium aqueous arsenic concentration (ug L), K. is the Freundlich constant
indicative of the adsorption capacity (L g'), and n is a fitting constant (dimensionless) indicative of

the sorption intensity, K is the Langmuir constant(Lg™), and S, is the maximum sorption capacity

(Mg g7). The Freundlich parameters 1/n and log[K/] are equal to the slope and intercept of a
regression line of C versus S on a double logarithmic scale (Limousin et al. 2007). The Langmuir
parameters were found by minimizing the sum of the squared errors (SSE) between observed S _

and calculated S,.

Sorption thermodynamics

Next, the impact of temperature on the sorption process was determined by calculating the
change in standard Gibbs free energy (AG®, kJ mol?), entropy (AS, kJ mol' T"), and the reaction
enthalpy (AH, kJ mol”) for the sorption reaction using the following equations (Stumm and
Morgan 1996):
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AG’=-RTnK, (4-5)

and:A—S—ﬂ (4-6)
R RT

where K, is the distribution coefficient at infinite dilution, R the gas constant (8.314 J K mol),

and T the absolute temperature (K). The entropy change and enthalpy were calculated from the

intercept and slope of a van 't Hoff plot (Ln[K ] versus T") where K is derived from the slope of

the Freundlich (Kd'F in Eq 4-7) and Langmuir (Kd,L in Eq 4-8) isotherms at infinite dilution (or zero

concentration), given by:
K,.=K,/n (4-7)

K,, =K,S

max

4.3 Results and discussion

General patterns

Table 4-3 shows which elements were significantly influenced in all three experiments based on
the MWU test. Table 4-3 also shows whether the elements were identified in the sediments by
XRF and HNO_/ICP-MS. This comparison shows that most heavy metals and trace elements that
were not mobilized by increased temperatures were actually present in the sediment. Figure
43 presents the effluent graphs from sediment S for species showing a statistically significant
temperature variation (As, K, Si), and for parameters and elements which showed considerable
change from the influent concentration (pH, Alkalinity, Ca, and Mg). The effluent graphs for
sediments A and B are comparable to those of sediment S and are included in the supplementary
information.

A temperature reduction from 11°C to 5°C did not cause significant differences in mean
effluent concentrations for any substance in all three tested sediments. However, several
substances showed significant differences in one or two sediments. For example, K showed a
decrease at 5°C in all three sediments but the difference was only significant in sediment S.
The 25°C effluent showed a significant increase in As concentrations for all three sediments. In
sediments H2 and S, As concentrations exceeded the drinking water standard of 10 pg L' from
the European Union drinking water directive (Anonymous 1998). The increase in As observed at
25°C in sediment A is less pronounced than that in sediments H2 and S, but still significant at a
95% confidence level. A significant increase in K concentration was observed at 25°C in sediment
S but not for the other two sediments.

At 60°C, many substances and pH showed significantly increased concentrations: As, F, DOC,
P K, Si, B, Mo, and V. All 60°C effluents exceeded the drinking water standard for As. Concentrations
of all these substances increased especially during the initial pore flushes, and leveled off with
increasing pore flushes. These patterns are clearly visible in Figure 4-3 which also shows that
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concentrations of substances like DOC, Si, and K decreased less rapidly than those of As and Mo.
In the 60°C effluents of sediments H1 and S, elevated concentrations of Be and Cr were measured
(graphs are included in the supplementary information). The content of Cr,O, in sediments H1 and
H2 (respectively 0.037% and 0.028%) was also considerably higher than in sediment S (0.001 %)
indicating that if Cris present in the sediment it may become mobilized in response to a temperature
increase. Although these increases were significant, the concentrations ranged between 1 and 2
ug LT at 60°C (compared to 0.6 to 1 ug L for the reference) and were well below the drinking
water standard of 50 pg L. For Be the difference between the different sediments was less
pronounced (2 ppm, <1ppm, and <1 ppm in sediments H1, H2, and S, respectively). In the
following we discuss the main hydrogeochemical processes triggered by the temperature
changes, distinguishing dissolution of silicate minerals, mineralization of organic carbon, and
trace metal desorption.

Table 4-3 Summary of leaching behavior of the 5°C, 25°C, and 60°C columns compared to the reference
column of 11°C during 1 day residence time and presence of substances in sediment (detection limit of the

geochemical analyses are shown in the supplementary info).

Leaching behavior Geochemical Temperature level
5°C 25°C 60°C
Substances significantly thermally Substance present in As As, B, Mo, V,
influenced (p<0.05) in all three sediment K, Si, DOC, P
experiments, Not analyzed F pH
Leaching behavior not significantly Substance present in Na, Ca, Mg, Sr, Fe, Mn, Al, Ba, Be, Co,
influenced by temperature in all sediment Cr, Cu, Ni, Pb, Zn, Eu, Ho, Sb, Sc, Yb
three experiments Substance below detection Ag, Cd
limit in sediment
Not analyzed Alkalinity, SO, Br, CI Tl

Substance below detection limit in Substance present in Ga, La, Th
reference and testing temperature sediment

Substance below detection Bi, Se

limit in sediment
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Figure 4-3 Selection of effluent graphs for the main cations and anions, trace elements, and DOC for sediment
S. Results for the 60°C column between pore flushes 13 and 19 are not shown because of sampling errors.

Silicate minerals dissolution

In both the 25°C and 60°C effluents, a correlated increase in K and Si concentrations was
observed (R?>0.8, Figure 44) indicating dissolution or transformation of a silicate mineral such as
muscovite or K-feldspar (both identified by XRD). In order to gain insight into which minerals may
dissolve upon a temperature increase, Table 4-4 presents the Sl-values for various silicate minerals
showing that at 5 to 25°C, influent was under saturated with respect to K-feldspar, while at 60°C
influent became under saturated with respect to quartz, kaolonite, and gibbsite. The Si:K ratio of
2.5 observed in the 60°C effluent is between the stoichiometric ratios for incongruent K-feldspar
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dissolution with formation of kaolinite (Si:K = 2:1, Eq (4-9)), and congruent dissolution (Eq (4-10)
Si:K 3:1) (Appelo and Postma 2005):

2KAISI,0, + 2H* + 9 H,0 — Si,ALO,(OH), + 2K* + 4H,Si0,° (4-9)
KAISi,O, + 8 H,0 — K* + Al(OH), + 3H,Si0,° (4-10)

This suggests that (partial in)-congruent dissolution of K-feldspar could explain the elevated
Si and K concentrations. This corresponds with the findings of Holm et al. (1987) who related
elevated K concentrations during high temperature energy storage (90-110°C) to K-feldspar
weathering. It is remarkable that the Si:K ratio of 1.1 at 25°C was much lower than at 60°C. A
possible explanation for this is that at 25°C influent was saturated with respect to quartz (S,
= 0.0) while at 60°C it was sub-saturated (SI =-0.4). This could imply that at 25°C, K-feldspar
dissolved incongruently with formation (amorphous) quartz, where the secondary precipitating

quartz

minerals causes removal of Si and lowering the Si:K ratio. This process was also observed by
Wollast (1967) who described that Si release from K-feldspar dissolution at room temperature is
controlled by the reaction with AI(OH), resulting in the precipitation of hydrated silica. In addition,
Wollast (1967) described that at room temperature the initial step K-feldspar weathering was
incongruent involving the exchange of fixed K* with aqueous H*, while at 200°C dissolution was
initially congruent with formation secondary minerals (Eqgs (4-9) and (4-10)).

0.8
B Influent

0.7 A o 5°C y2= 251x +0.18

06 4 e11Cc R2=0.98
~ 05 025°C
‘—é ' @ 60°C
E 0.4 -
»n 0.3 - y =1.10x + 0.19

R2=0.82
0.2 1
0.1 -
0 ' ' '
0 0.05 0.1 0.15 0.2
K (mmol/l)

Figure 4-4 Relationship between Si and K molar concentrations in sediment S effluent. Regression lines are
drawn for the 25°C and 60°C data of sediment S.
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Table 4-4 Calculated saturation indices for various silicate minerals and gibbsite for influent S. Calculations
were carried out with PHREEQC (Parkhurst and Appelo 1999). Minerals for which water is oversaturated are
highlighted in bold.

Temperature Sample Quartz K-feldspar K-Mica Kaolinite Gibbsite
(°C) (Si0,) (KAISi,O,) (KALSi,O, (OH),) (ALSi,0.(OH),) (AI(OH),))
5 Influent 0.3 -1.6 6.2 3.8 1.0
Effluent 1 pore flush 0.3 14 6.3 3.5 0.9
11 Influent 0.2 -1.6 6.8 4.1 1.2
Effluent 1 pore flush 0.2 0.9 8.1 4.7 1.6
25 Influent 0.0 22 5.8 3.2 1.0
Effluent 1 pore flush 0.0 18 6.0 3.0 0.9
60 Influent 0.4 4.6 0.9 0.4 0.4
Effluent 1 pore flush -0.1 -3 23 0.1 0.4

Dissolved organic carbon mobilization

Dissolved organic carbon (DOC) increased at 60°C in all sediments. Two mechanisms could be
responsible for these increases: 1) desorption of organic acids from iron oxides (Evanko and
Dzombak 1998, Filius et al. 2000) and 2) microbial respiration of SOM (Brons et al. 1991). A key
difference between these two processes is that DOC involved in sorption generally comprises large
fulvic or humic acids (Filius et al. 2000) while respiration of SOM is a stepwise transformation of
SOM to volatile fatty acids such as acetate which are then consumed by sulfate reducing bacteria
or methanogenic Archaea generating inorganic carbon but not necessarily DOC (Muyzer and
Stams 2008). In the second process DOC would therefore accumulate with increasing temperature
only if the rate of DOC oxidation is lower than that of DOC formation. Robador et al. (2011) and
Weston and Joye (2005) observed such a decoupling between the different steps when marine
sediments were incubated above their ambient temperature, leading to an accumulation of DOC.
Brons et al. (1991) however concluded that the production of DOC at temperatures above 30°C
becomes abiotic and should be viewed as pure chemical mineralization of SOM.

The relative contribution of the two different processes leading to DOC accumulation was
hard to quantify. However, a qualitative indication could be obtained since different elution profiles
can be expected: desorption will generate a peak in DOC which will gradually decrease towards
the influent concentration with continuing flushing, whereas SOM-derived DOC would yield a
constant DOC concentration with progressive flushing (under equal residence time) assuming
ample SOM in the sediment with constant reactivity. The elution curves for sediments H1 and
especially H2 (Figures S4-1 and S4-2 in the appendix) were characterized by a short peak (< 7
pore flushes) followed by constant increase relative to the influent DOC. In sediment S, a gradual
decrease in DOC was observed up to 20 pore flushes after which DOC stabilizes just above the
influent DOC concentration. This suggests that in sediments H1 and H2, the DOC increase was
mostly derived from SOM, whereas in sediment S it was mostly derived from desorption. This
qualitative observation is in agreement with the geochemical analyses: reactive SOM in sediment
S was much smaller than that in sediments H1 and H2, whereas iron oxide content was also
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lower in sediment S than in sediments H1 and H2 but to a considerable smaller extent than for
the SOM difference.

Mobilization of arsenic and other trace compounds

Various mechanisms responsible for arsenic mobilization in aquifers are reported in the literature
(Smedley and Kinniburgh 2002, Stuyfzand et al. 2006) which can be divided in three main groups:
1) oxidation of pyrite, 2) reduction of Fe(lll) minerals, or 3) desorption from reactive surfaces such
as Fe, Al, and Mn-oxides.

Oxidation of As containing pyrite is not likely as the influent DO and NO, were consistently
below the detection limit during the experiment (DO < 0.05 mg L' and NO, < 0.1 mg L") and the
decreased SO, concentrations in the 60°C effluent beyond the first three pore flushes point to
the occurrence of sulfate-reduction. The elevated SO, concentrations during the first pore flushes
in the 60°C effluent were unlikely the result of pyrite oxidation because of the aforementioned
arguments and given the similarities between the four columns. Iron oxides are reported to be
able to sorb SO, (Zhang and Sparks 1990, Wijnja and Schulthess 2002) but we did not find any
literature on the temperature dependence of sorption. The initial SO, peak in the 60°C effluent
may be explained by exothermic sorption, thus releasing SO, under increased temperature.

Microbiologically mediated reductive dissolution of iron (hydr)oxides can be stimulated by a
temperature increase as demonstrated by JesuBek et al. (2012). In our observation data, however,
there was no clear Fe concentration increase, suggesting that reductive dissolution is not the
main source of As. It is however possible that some of the reductively dissolved Fe(ll) reacts with
HS- formed during sulfate reduction to precipitate as an iron sulfide mineral, which could then
sequester part of the released As, a process utilized for As remediation (Beaulieu and Ramirez
2013). This process could thus only contribute at 60°C where sulfate reduction is occurring,
masking the effect of reductive iron dissolution.

The third general explanation, desorption of arsenic, is widely described for both iron oxides
(Smedley and Kinniburgh 2002, Dixit and Hering 2003, Maji et al. 2007, Kersten and Vlasova
2009a) and expected to be the controlling mechanism for sediment S (which yielded the highest
As concentrations) and to a lesser degree in sediment H2. In these sediments, a decrease in As
concentration was observed with progressing pore flushes which may be explained by desorption
of As until a new equilibrium is reached. The clearest decrease in As concentrations was observed
in sediment S, while in sediment H2 a sharp initial rise in concentration was observed followed
by a decrease towards a relatively stable level. The 25°C and 60°C leaching concentrations of As
in sediment H1 remained relatively constant with progressive flushing. The relatively stable level
in As concentrations in the late time data of sediment H2 and that of sediment H1, suggests that
dissolution from an As-containing mineral is contributing to the enhanced As concentrations in
these sediments. It was however not possible to obtain a quantitative estimate of the relative
contribution of both processes, this would require additional data that can be used to constrain
the progression of reductive dissolution of iron oxides coupled to organic carbon mineralization
such as NH, or CH, Also experiments with a longer and increasing residence time would be
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required to distinguish kinetically controlled dissolution from desorption which is a relatively fast
process (Appelo and Postma 2005).

Desorption from iron oxides can be driven by various mechanisms of which the most relevant
is the temperature induced change in sorption equilibrium constant as shown for example by
Kersten et al. (2009a) in laboratory experiments with synthetic goethite. The release of As could
be further stimulated by anions which compete with As for sorption sites (van Halem et al. 2012)
such as PO, or DOC produced by SOM mineralization and H,SiO, produced by silicate mineral
dissolution.

Note that other elements mobilized at 60°C, such as Mo, V, and B, all occur as oxyanions
like As and sorb to iron(hydrjoxides (Dzombak and Morel 1990). This similarity in chemical
behavior, may suggest that indeed desorption from, or reductive dissolution of, iron oxides was
also responsible for the mobilization for these trace elements.

Arsenic sorption isotherms

In order to investigate the temperature dependence of sorption in a more quantitative way, the
eluent data was used to construct Freundlich and Langmuir isotherms for sediments H2 and
S using Egs 4-1 to 4-4 (Figure 45 and Table 45) where it is assumed that the occurrence of As
in the effluent was caused by sorption only. The comparison of experimental data and fitted
Langmuir and Freundlich isotherms shows a good agreement between model and data. The
Langmuir model is expected to provide a more robust description of the sorption process because
it can be expected that the sorption of As was maximized by the number of sorption sites. The
data in Table 45 also show that the sorption isotherms for 5, 11, and 25°C only cover a narrow
concentration spectrum. The derived sorption isotherms are therefore considered accurate only
within the range of measured aqueous As concentrations. In order to derive a complete isotherm
representative for a large concentration interval, the sorbent should first be completely covered
with As which would require a different experimental setup. The sorption isotherms are typical
L curve types as described by Sposito (2008). This type of curve points to a very high affinity of
the sorbent for the solute, and is generally due to an inner sphere surface complexation reaction
(Sposito 2008). This corresponds to results of spectroscopic investigations on As sorption on iron
oxides by (Goldberg and Johnston 2001) showing that inner sphere surface complexation is the
driving sorption mechanism.
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Table 4-5 Freundlich and Langmuir sorption parameters for arsenic sorption on iron oxides in sediments B

and C
Sediment H2 Sediment S
Freundlich parameters 5°C 25°C 60°C 5°C 11°C 25°C 60°C
K: (Lg" 36.8 29.3 9.5 48.7 40.9 21.2 4.4
1/ () 0.03 0.10 0.38 0.05 0.10 0.27 0.53
Langmuir parameters
K. (Lg" 37.7 1.5 0.06 2.7 0.9 0.1 0.015
S, (ugAs/gFe__. ) 384 402 54.3 56.5 584  69.7 85.0
60 ]
""" LS
50 -
0 - \
w & 40 i
2 o !
~ \
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Figure 4-5 Sorption isotherms for arsenic using data from sediments H2 and S. Markers are for observed
aqueous concentrations and calculated sorbed masses. The fitted Freundlich and Langmuir isotherms are
shown with solid and dashed lines, respectively.

Temperature influence
The van 't Hoff plots for As sorption based on the two sorption models are shown in Figure
4-6 and the thermodynamic parameters based on Egs 4-5 and 4-6 are shown in Table 4-6. The
negative AH indicates As sorption was exothermic and the affinity of the sorbent for As decreases
with increasing temperature. There is some variation in enthalpies calculated for the different
sediments and models but overall the enthalpies for different sediments and models agree well.
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Table 4-6 Thermodynamic parameters: Gibbs energy, change in entropy, and change in enthalpy for arsenic
sorption and R? between Ln[K] and T' on sediments H2 and S.

Sorption model Sediment H2 Sediment S
5°C 25°C 60°C 5°C 11°C 25°C 60°C
Freundlich
Ln[K,l 3.6 34 2.3 38 3.7 3.1 1.5
AG° (k) mol ™) -8.3 -84 -6.2 -9.0 -8.8 -7.6 -4.1
AS® (J K" mol) -17.2+0.2 -21.8+2.8
AH (kJ mol) -56.4+0.4 -65.8+6.8
R? 1.00 0.98
Langmuir
Ln[K,,] 3.6 04 -2.8 1.0 -0.1 -2.2 -4.2
AG® (kJ mol ™) -16.8 -10.2 -3.3 -11.6 -9.4 -5.1 -0.7
AS® (J K" mol) -29.3+4.4 -23.5+4.3
AH (kJ mol ™) -84.0+11.1 -64.8+10.7
R& 0.98 0.95
9

¢ Langmuir, sed H2
m Langmuir, sed S
< Freundlich, sed H2

DO Freundlich, sed S

Ln(Ky ), Ln(Kg,) (/)

3.30 3.50
1000/T (K-")

Figure 4-6 VVan 't Hoff plots: Ln[K] versus 1000T"" for experimental data of arsenic from sediment H2 and S

3.10 3.70

using Freundlich and Langmuir isotherms (solid symbols)

In order to compare the thermodynamic data of As sorption to iron oxides derived here,
Table 4-7 presents a compilation of data derived from the literature confirming that As sorption
is generally an exothermic process. However, the data for akageneite (a type of iron oxide) shows
endothermic sorption behavior. The spread in AH values for the iron oxides with Asis quite large:
-161.8 to -26 kJ mol', with our AH values being at the higher (negative) end. The large range
in AH probably relates to 1) sedimentary differences, the type of iron oxide sorbent (degree
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of crystallinity or aging), and 2) the method applied to calculate AH: for example, Kanel et al.
(2005) calculated the enthalpy directly from K_and K, and not from the K, which is representative
for infinite dilution, while others use a surface complexation model (e.g. Kersten and Vlasova
(2009a)). Furthermore, for the studies using K, it was unclear how this K, was calculated. In
most studies, it is stated that K represented "equilibrium conditions’ (Maji et al. 2007, Hong et al.
2011) without describing how this was determined.

Sorption isotherms provide a somewhat simplified description of the actual sorption process,
which involves complexation of species at the oxide-water interface and strongly depend on the
agueous composition. Enthalpy data derived from sorption isotherms can only be used for similar
groundwater compositions and iron oxides types. A more robust approach simulating sorption is
provided by surface complexation models, which describe the intrinsic sorption reactions and can
deal with variations in background chemistry and pH (Appelo and Postma 2005).

Environmental implications

A number of environmental implications can be drawn from our data that are relevant for the
groundwater’s usability as raw water source in aquifers used for geothermal energy. First, various
toxic substances are shown to be increasingly mobile under elevated temperatures (As, Mo, and
Vin sediments H1, H2, and S, and Be and Cr in sediments H1 and H2). If sorption is indeed the
key process, the mechanism is probably reversible; when the temperature lowers resorption of
these elements to iron oxides can be expected. However, there is a catch: field data show that
ATES systems have a significant effect on water quality simply due to the mixing of different
hydrochemical groundwater types in stratified aquifers (chapter 3). Therefore, circulation of
groundwater by ATES, will distribute heated and As enriched groundwater from layers rich in iron
oxide to aquifer layers having lower contents of iron oxides having consequently lower capacity
for As resorption during cooling. Even though the thermal impacts of the ATES system might
dissipate when the system is de-commissioned, the effects of mobilization and re-distribution of
As and other elements will be irreversible. If As is released by reductive dissolution of iron oxides,
the process is irreversible and can proceed over a much longer time frame than desorption,
potentially resulting in even higher As concentrations. However, if both iron and sulfate reduction
occur, iron sulfide minerals may form which can effectively sequester As (Beaulieu and Ramirez
2013).
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Table 4-7 Reported reaction enthalpies for arsenic sorption.

Main minerals Temperature AH Comment Reference
range (kJ mol)
This study
Natural sediments 5,11, 25, 60°C -56.4 to -84.0
Other studies
Waste containing 20,25,30°C -161.8 AH based on K (Negrea et al. 2010)
mainly Fe-oxides.
Laterite soil with 25, 35, 45°C -109.5 AH based on K (Maiji et al. 2007)
mixture of Fe and Al
oxides
Zero valent Fe 25, 35, 45°C -11.9 AH based on K from (Kanel et al. 2005)
Freundlich isotherm  Values were corrected from
25, 35, 45°C -112.41 AH based on K from original published data to
Langmuir isotherm correct for erroneous value for
gas constant used.
Goethite 10,25,50,60°C  -26.0+5 Sorption of Ason  (Kersten and Vlasova 2009a)
10,25,50,60°C  -27.6+5 goethite
Fe-Al Binary Oxide ~ 25,40,60°C -12.64 AH based on K (Hong et al. 2011)
Akaganeite 20,30,40°C +8.87 AH based on K (Banerjee et al. 2008)

Here, we used anoxic sediments where As is present as arsenite (based on PHREEQC
speciation calculations) and it is interesting to speculate what may happen under oxic groundwater
conditions where arsenic is present as arsenate. Two processes can impact on arsenic mobility:
Firstly, (JesuBek et al. 2012) showed that in oxic sediments, a temperature rise can increase
DOC concentrations and create more reducing conditions by faster reduction rates. Smedley
and Kinniburgh (2002) showed that in many environments, this can trigger the mobilization of
As. Secondly, it is likely that sorption of As(V) is also an exothermic reaction because both As(V)
and As(lll) form inner-sphere surface complexes with iron oxides (Goldberg and Johnston 2001)
implying that also in oxic aquifers used for heat storage, As may be mobilized.

A second environmental aspect is the increased DOC concentration in water which can give
water a yellowish color. This could cause the requirement of a discoloration treatment step of the
water abstracted for drinking water supply (Wallage et al. 2006). In addition, the mobilization of
organic carbon leads to a reduction in SOM which in turn is a very important factor in sorption
and immobilization of organic micro pollutants (Appelo and Postma 2005). Furthermore, the
humic substances as part of DOC can form complexes with trace elements, causing them to
remain mobile and not to become resorbed with decreasing temperature outside the direct zone
of influence of the ATES system (Appelo and Postma 2005).
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4.4 Conclusions

Our experiments showed that water quality was not affected when anoxic aquifer sediments
were subjected to lower (5°C) than in-situ temperature (11°C). At the currently allowed
maximum hot well temperature (25°C), As concentrations were significantly increased. At 60°C,
significant effects were observed on the pH and DOC, P, K, Si, As, Mo, V, B, and F concentrations.
Consequently, these elements should be considered for water quality monitoring programs of
ATES projects. Arsenic exceeded the drinking water guideline of 10 pg L in two of the three
tested sediments at 25°C and in all sediments at 60°C. No consistent temperature effects were
observed trace elements like Ba, Co, Cu, Ni, Pb, Zn, Eu, Ho, Sb, Sc, Yb, Ga, La, and Th, all of
which were present in the sediment. These results highlight the need for careful evaluation of
hydrogeochemical conditions when situating ATES systems in aquifers used for drinking water
production. The temperature induced chemical effects are believed to be caused by various
processes: The (in)congruent dissolution of silicates (K-feldspar) was most likely responsible for
the increased levels of K and Si. The increasing DOC at 60 °C may be explained by a combination
of desorption and SOM mineralization. Desorption from, and potentially reductive dissolution
of iron oxides is believed to be responsible for increasing concentrations of As, B, Mo, V, and P.
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Appendix 4: Supporting information

Photo S4-1: Impression of column setup in an 11°C room

Fraction
collector Velves 0.45 um filter

Sediment cores
(steel) |'in PVC

holding
containers

—

Influent
barrel

Photo S4-2: Front view of column setup
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Table S4-2 Detection limits for water analyses. All values are in ug L7

Element MDL Element MDL
Na 6 In 4
K 4 La 40
Ca 20 Li 0.3
Mg 10 Mo 1
Fe 1 Ni 1
Mn 0.1 P 6
Al 3 Pb 1
Si 10 S 70
Ag 0.8 Sb 4
As 1 Sc 0.03
B 4 Se 8
Ba 0.2 Sr 0.5
Be 0.02 Th 2
Bi 3 Ti 0.2
Cd 0.1 Tl 4
Co 0.5 u 4
Cr 1 V 1
Cu 0.5 W 2
Eu 0.1 Yb 0.07
Ga 2 Zn 0.2
Ho 0.3 Zr 0.4

Table S4-3 Results from blank testing at 20°C and 60°C. All values are in ug L™

Demineralized water Tap water
Control 20°C 60°C Control 20°C 60°C
Fe <1 75 87 30 6 18
Cr <1 <1 <1 <1 <1 <1
Ni <1 7 8 5 3
Mo <1 2 2 3
V <1 <1 <1 4 3

Temperature-induced impacts on mobility of arsenic and other trace elements | 75



: 1
g =1
8.0f 1 g25f 1 31
L 7.5} z20f 1 E
W g -
7.0 = 15§ 1 &
=
. L z 1 C
®% 5 10 15 20 25 < "% 5 10 15 20 25

Fe (mg/l)

305 10 15 20 25 005510 15 20 25
10 . 20 g.g -
= 8 1 =15 < 30 By
6 — o o 2. -
g E 10 320 o
= 4 1 = w 1.5 Q
¥ w5 <10 ©
| 1]
0.5 EFeySany ¥ —v— v i <
0 L L L 0 L L 0.0 1 L 1 L é)
0 5 10 15 20 25 0 5 10 15 20 25 0 5 10 15 20 2
80 . 10 0.40
8 0.35
3 583
o S 0.
ge £0.20
o 4 = 0.15
=, % 0.10
0.05f
% 5 10 15 20 25

P (ug/l)

...... PR pppppe

0 5 10 15 20 25 0 5 10 15 20 25
Number of pore flushes

DOC (mg/l)
oORNWAUO

— 5°C a—a 25°C *— Influent
v—v 11°C —e 60°C - Detection limit

Figure S4-1 Leaching graphs for sediment H1. Note that the 60°C effluent for As is plotted on a secondary
y-axis

76 | Chapter 4



7.4 12
7.2 =1
7.0 S 10
I638 E 9
6.6 g
6.4 g
6.2 7
6.0 6
—
6 n
53 ]
4 |
2k TS
“1 0 AT Y
% 5 10 15 20 25

o wv

o
wn
=
o
[
w

20 25 0 5 10 15 20 25

=
o

Mo (ug/l)

N B O

o

DOC (mg/l)
OFRNWRUON

0 5 10 15 20 25 999% 510 15 20 25

Number of pore flushes

+—+ 5°C a—a 25°C »— Influent
v—v 11°C —e 60°C - Detection limit

Figure S4-2 Leaching graphs for sediment H2.

Temperature-induced impacts on mobility of arsenic and other trace elements | 77



Sediment H1 Sediment S

Cr (ug/l)
= = N
=} n o

o
n

0.20 0.20 - - 0.20
0.15 0.15 i 015
]
20.10 0.10 {1 o.10
@
0.05 0.05 { 0.05
e 0000510 15 20 25 %
Number of pore flushes
— 5°C a—a 25°C »— Influent
v—v 12°C —e 60°C - Detection limit
Figure S4-3 Leaching graphs for Cr and Be for all three sediments
140 =
120 + 1 &
1004 S(C) =Sy~ [V(©)=Vy)de
o 801 <
=
& 60
<
40
20 1
0 R TR TR T TN SN WA T TN TN T T S SN T S 1

0 5 10 15 20 25
Pore flushes

Figure S4-4 Example illustrating how the sorbed amount of arsenic is calculated from the eluent curve.
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Figure S4-5 Calculation of initial sorbed amount of arsenic (S;) from a Ln(As) versus leached volume (V) plot
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Chapter 5

Temperature-induced impacts on redox processes

and microbial communities
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(in revision for Environmental Science and Technology) Impacts of shallow geothermal energy

production on redox processes and the microbial community



Abstract

In this chapter, we report the results of laboratory experiments on the effect of temperature
variations (5°C to 80°C) on redox processes and associated microbial communities in anoxic
unconsolidated sediments. Both hydrochemical and microbiological data showed that a
temperature increase from 11°C (in-situ) to 25°C caused a shift from iron-reducing to sulfate-
reducing and methanogenic conditions in a sediment containing reactive iron. Bioenergetic
calculations could explain this shift. A further temperature increase (>45°C) resulted in the
emergence of a thermophilic microbial community specialized in fermentation and sulfate-
reduction. Two distinct maxima in sulfate-reduction rates, of similar order of magnitude (5x10-"°
M s7), were observed at 40°C and 70°C. Thermophilic sulfate-reduction, however, had a
higher activation energy (100-160 kJ mol") than mesophilic sulfate-reduction (30-60 kJ mol ),
which is probably due to a trade-off between enzyme stability and activity with thermostable
enzymes being less efficient catalysts that require higher activation energies. These results
reveal that while sulfate-reducing functionality can withstand a substantial temperature rise,
other key biochemical processes appear more temperature sensitive.

5.1 Introduction

Previous research on shallow geothermal energy (SGE) systems, and aquifer thermal energy
storage (ATES) revealed that groundwater quality is influenced by mixing of different water types
(chapter 2), temperature changes (Holm et al. 1987, Perlinger et al. 1987) or intrusion of oxygen,
or degassing (Palmer and Cherry 1984, Jenne et al. 1992). Most of the earlier research focused
on operational aspects in relation to inorganic chemistry, such as well-clogging due to mineral
precipitation occurring in high temperature systems (>25°C) (Palmer and Cherry 1984, Holm et
al. 1987, Perlinger et al. 1987, Griffioen and Appelo 1993). In addition, we found in chapter 4
that the mobility of arsenic and other oxyanions was significantly enhanced with a temperature
increase, which was attributed to either desorption from, or reductive dissolution of iron oxides.

As discussed in chapter 2, redox reactions are expected to be particularly sensitive to
temperature changes. This expectation is based on research dealing with the impacts of relatively
modest seasonal temperature changes which was shown to i) strongly accelerate pyrite oxidation
in a deep well injection experiment (Stuyfzand 1998, Prommer and Stuyfzand 2005), and ii) be of
great influence on mineralization of organic matter at river bank filtration sites (Greskowiak et al.
2006, Sharma et al. 2012). In addition, JesuBek et al. (2012) reported a shift in redox conditions,
with oxic conditions towards nitrate- and iron-reducing conditions at 25 and 40°C and sulfate
reducing conditions at 70°C. Redox processes in aquifers are often the last step of the microbial
metabolism, involving hydrolysis and fermentation of organic matter, followed by oxidation by
electron acceptors such as nitrate, ferric iron or sulfate, implying that the temperature-induced
hydrochemical changes are related to the changes in the microbial community. Brielmann et al.
(2009, 2011) showed that the microbial community was significantly influenced by changing
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temperature, both near an ATES system, and in laboratory experiments but did not describe the
hydrochemical changes associated with this.

None of these previous studies looked in an integrated way at the temperature impacts on
both microbial functioning and associated hydrochemical changes. In order to fill up this void, we
used the column setup described in the previous chapter to study the influence of temperature
(5-80°C) on the kinetics and competition of redox reactions, and associated changes in microbial
communities. The novelty of this study is that we combined conventional hydrochemical
analyses to determine the predominant redox processes, sulfate reduction rates as a proxy for
microbial activity, and 454-pyrosequencing to map the changes in microbial community. We
derived activation energies for sulfate-reduction, which was the dominant redox reaction in the
investigated sediments, providing a comprehensive quantitative description of the temperature
dependence, which can be incorporated in hydrochemical models dealing with temperature
changes due to ATES.

5.2 Materials and Methods

Sediment and groundwater collection

Sediments and groundwater used in the column experiments were collected at two locations
from an aquifer intensively used for both drinking water production and ATES in the Netherlands:
Helvoirt (sample H2, derived from 32 and 34 m-surface level (m-SL)) and Scherpenzeel (sample
S, 34 and 36 m-SL). Note that sediment sample H1, described in the previous chapter was not
used in the experiments described here. The unconsolidated sandy aquifer is part of the fluvial
Sterksel formation ranging in thickness between 5 and 75m, which was deposited during the
Early to Middle Pleistocene (Westerhoff 2003). Sediment cores were collected with the percussion
drilling method and transported in an ice box filled with N, gas to assure cores remained anoxic.
Geochemical analyses revealed that samples consisted mainly of quartz sand (>90%), with minor
fractions of K-feldspar and clay (details on geochemical analyses given in chapter 4). Reactive
phases included organic matter (0.15 and 0.06% for sediments H and S, respectively), carbonates
(0.5 and 0.7%), pyrite (0.06 and 0.09%), and iron-oxides (0.6 and 0.5%).

Influent for the column experiment was derived from groundwater abstracted from
monitoring wells constructed in the boreholes for sediment sampling and collected in a stainless
steel 60 L pressure barrel using a submersible sampling pump at 20 m below the water table.
Groundwater in this aquifer is anoxic, lacking O, and NO,, with SO, concentrations decreasing
with depth (Figure 3-4) which may be due to sulfate-reduction or a change in historic input of
SO, and NO, with groundwater recharge. Iron concentrations are 6.5 mg L' and 0.3 mg L for
Helvoirt and Scherpenzeel, respectively. At both sites, CH, concentrations in the aquifer at the
sampling depth were generally < 0.01 mg L.
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Experimental Setup

The cores were unpacked in the laboratory under a N, atmosphere, mixed thoroughly for 30
minutes using stainless steel spatulas to obtain a homogeneous sample, and repacked in four
0.4 m long stainless steel cores with an internal diameter of 0.066 m. The cores were then
maintained at temperatures of 5°C (representing cold storage), 11°C (ambient temperature),
25°C (maximum allowed regular ATES), and 60°C (high temperature ATES).

At the start of the experiments, the sediment cores were first flushed for 25 days with a
residence time of 1 day allowing the microbiological community to acclimatize to the testing
temperatures of 5, 11, 25 and 60°C. Data obtained during this period is described in the previous
chapter. Following this period, the residence time of water in the sediments was stepwise increased
to 30 days, to evaluate the occurrence of redox processes by measuring the concentrations of
major redox species such as SO,, Fe, DOC, and CH, as function of residence time. During each
residence time step, water was stagnant in the columns until the required residence period was
achieved. Following this, water in the column was sampled for analysis and subsequently flushed
with influent for 6 pore volumes in two days, resetting the aqueous concentrations in the column.
This experiment (called hereafter: the increasing residence time (IRT) experiment) was carried out
for both sediments H and S.

In order to gain a more detailed insight into the temperature dependence of the redox
kinetics, sediment S was subsequently subjected to an experiment where the temperature was
increased from 5 to 80°C in steps of 5°C, each with a constant 5 day residence time (temperature-
ramping (TR) experiment). The resulting data sets were used to calculate the sulfate-reduction
rates (SRRs) at different temperatures and activation energies. A detailed sampling schedule is
shown in the appendix to this chapter, Figure S5-1.

Chemical and microbiological analyses

Water samples collected during the experiments were analyzed for the redox relevant species
SO,, Fe, CH,, and DOC. Fe was analyzed as total dissolved Fe (following filtration over a 0.45 um
filter), speciation calculations with PHREEQC v2.15 (Parkhurst and Appelo 1999) showed this is
>99% Fe(ll). Terminal restriction fragment length polymorphism (T-RFLP) and 454 pyrosequencing
of PCR-amplified bacterial 16S rRNA genes and Denaturing Gradient Gel Electrophoresis (DGGE)
of PCR fragments of archaeal 16S rRNA genes followed by sequencing of excised bands were
used to detect changes in the microbial community. Details on analytical procedures are provided
in the appendix of this chapter.

Deriving kinetic and thermodynamic parameters

To determine the temperature dependence of sulfate-reduction coupled to sedimentary organic
matter (SOM) mineralization, we first derived the sulfate reduction rates from the observation
data using a Monod kinetics rate equation (Benner et al. 2002, Appelo and Postma 2005, Pallud
and Van Cappellen 2006, Pallud et al. 2007, Tarpgaard et al. 2011, Sharma et al. 2012):
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myg,
SRR(T)=SRR,, (T)————— (5-1)
ksa, + Mg,
where SRR(T) is the sulfate-reduction rate (M s™) at temperature T (K), SRR __(T) is the maximum
rate constant (M s) at temperature T (K) not restricted by lacking sulfate, mg,, is the sulfate
concentration (M), and k,, is the half saturation constant [M]. The temperature dependence of

SRR, can be expressed using the Arrhenius equation (Overmann 2013):

—E, 1 i
ln[SRRm(T)]—ln(A)Jr( - Tj (5-2)

where E_ is the activation energy (J mol™), R is the molecular gas constant (8.314 J K mol™),
T is the absolute temperature (K), and A is pre-exponential factor [M s']. Note that only the
activation energy is required to convert a rate from one temperature to another. The temperature
ramping experiment allowed determination of the optimum temperature for sulfate-reduction
(Topt, K) and SRR at this temperature (SRR
situ temperatures (SRR [M s]). A commonly used parameter to express the temperature
dependence is Q,, which gives the increase in reaction rate for a 10K increase in temperature
(Overmann 2013):

E,10
Oy =exp {RT(TJAO)} (5-3)

[M s]), which can be compared to the SRR at in-

Topt,

in-situ’

Equations (5-1) to (5-3) were used to determine SRR__, SRR

oot SRR B, @nd Qg values by minimizing

the difference between observed and simulated SO, concentrations using the universal model
optimizer PEST(Doherty 2010). The half saturation constant, k.
from a linear to first-order sulfate-reduction rate as observed in the SO, versus time plots.

was based on the transition

5.3 Results

Increasing residence time (IRT) experiments
SO, depletion was not significant in sediment H2 at in-situ temperature (11°C) and below (5°C),
however, at elevated temperature (25°C and 60°C) SO, decreased with increasing residence time
indicating occurrence of sulfate-reduction (Figure 5-1A). For sediment S, SO, depletion with
increasing residence times was observed over the entire temperature range (Figure 5-1B). The
elevated Fe(ll) concentration after the longest incubation time in the 5°C effluent and to a lesser
extent in the 11 and 25°C effluents of sediment H2 indicated the occurrence of iron-reducing
conditions (Figure 5-1E). The Fe(ll) concentration remained stable in the 60°C effluent of sediment
H2, and for sediment S over the entire temperature range (Figure 5-1F).

Effluents were sampled and analyzed for CH, from sediment S, and CH, was generated
in significant amounts only at 25°C, especially during residence times longer than 15 days
(Figure 5-1G). In the 60°C column, no CH, was produced. When the observed changes in redox
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species were expressed on the basis of transferred electrons (by multiplying the change in the
concentration of electron acceptor with the number of transferred electrons (Friis et al. 2006b):
8 for SO,, 4 for CH, and 1 for Fe(ll)), the total electron transfer by sulfate reduction (0.57 me
L', at 60°C in sediment H2) was much higher than by iron reduction (0.03 me L', at 5°C in
sediment H2) or CH, production (0.008 me L at 25°C in sediment S). Because this approach did
not consider precipitation of iron-sulfides, the transferred electrons for iron-reduction should be
considered as a minimum. In sediment H2, DOC increased at 60°C, whereas in sediment S, an
increase in DOC production was observed at both 25°C and 60°C (Figure 5-1 C, D).
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Figure 5-1 Observed concentrations of SO, DOGC, Fe(ll), and CH, (symbols and dashed lines) for effluents of
sediments H and S as a function of residence time. Observed SO, data were also fitted to a Monod kinetic
model (solid lines).

Temperature ramping (TR) experiments
The TR experiments showed SO, depletion occurring at all temperatures (Figure 5-2A), indicating
sulfate-reduction to occur, whereas Fe(ll) concentrations remained near the influent concentration
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(Figure 5-2C), both of which are in line with the results of the IRT experiments. The higher
temperature resolution did, however, reveal two distinctive minima in SO, concentrations in
the effluent, at T | = 40 and at T = 70°C. Between 45 and 50°C, SO, concentrations were
very close to the influent concentrations. CH, production was greatest between 25°C and
40°C corresponding to the first region of maximum sulfate-reduction (Figure 5-2D). The DOC
concentrations were close to the influent concentration up to 15°C (Figure 5-2C). Beyond 20°C,
a gradual increase in DOC was observed from 0.5 mg L (equal to influent) to 3.6 mg L at 80°C.
Noteworthy, the general pattern of steadily increasing DOC concentration lacks distinct minima
as observed for sulfate.
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Figure 5-2 Temperature ramping experiment with sediment S. Observed concentrations of SO, DOC, Fe(ll)
and CH, (points) for effluent with 5 day residence time at different temperatures. Also shown are the influent
concentrations (thin dashed line) and the simulated SO, concentrations.
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Microbial community changes

Bacterial 16S rRNA gene-based T-RFLP (Figure S5-2) and pyrosequencing (Figure 5-3, Figure S5-3;
1670 sequences per sample) revealed obvious differences between the bacterial communities
in effluents and sediments. At temperatures between 5 and 25°C, the bacterial communities
in the effluent strongly resembled the bacterial community in the influent. However, at 60°C
a clear change in community structure was observed, especially for communities derived from
sand (Figure 5-3, S5-2 S5-3). The bacterial community shifted from Proteobacteria-dominated
(50-92% of Operational Taxonomic Units (OTUs)) to Firmicutes (26-72%); in particular anaerobic,
moderate thermophilic, sporeforming Thermoanaerobacteraceae and Peptococcaceae (both
Clostridia) and Bacilliceae (Figure S5-3, Table S5-2) strongly increased in abundance. Furthermore,
an OTU strongest related to Caldilineaceae (Chloroflexi) increased to 14% of OTUs in sand. These
families also became enriched in the effluent.
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Figure 5-3 Non-metric multidimensional scaling plot of Bray-Curtis similarities among bacterial communities in
effluent and sediment in column experiments at various temperatures, using 16S rRNA gene pyrosequencing.
Stress was 0.092. Coloring of symbols corresponds to temperature levels used in Figure 5-1, circles represent
water samples, squares represent sand samples. Sample codes provide information on temperature (5, 11,
25 or 60°C), medium (Effluent or Sand), sampling location (Helvoirt or Scherpenzeel) and incubation time (in
days).
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Temperature-related shifts in the occurrence of OTUs that can be linked to specific redox
processes were evident. A diversity of sulfate-reducers, belonging to the genera Desulfovibrio,
Desulfatiferula, Desulfobacula, Desulfarculus, Desulfosalsimonas, Desulfobulbus, Desulfurivibrio,
Desulfatibacillum and Desulfobacca (all Proteobacteria), and Desulfosporosinus, and Desulfurispora
(Firmicutes), was present at moderate temperatures, but the sulfate-reducing Proteobacteria
disappeared at 60°C (Table S5-2). At this temperature OTUs closest related to sporeforming,
sulfate-reducing and thermophilic Desulfotomaculum (Firmicutes) appeared, although it should
be noted that DNA similarities were very low (87-90%).

Likewise, iron-reducers belonging to the genera Geothrix (Acidobacteria), Shewanella,
Desulfuromonas, Geobacter, and Abideferax (all Proteobacteria) and Desulfitobacterium
(Firmicutes), completely disappeared at the highest temperature (Table S5-2). At 25°C, in
particular Desulfuromonas and Geobacter were present at lower abundance in sediment, than
at 5 and 11°C, in line with the observed lower iron-reduction inferred from hydrochemical data.

Furthermore, temperature had a large impact on Archaea communities. While nearly all (9
out of 12) samples of the experiments held at 5 to 25°C revealed an Archaea-specific PCR product,
only one of the 4 samples from the experiment at 60°C was positive. DGGE analysis revealed a
single band, which was 97 % similar to the ammonium-oxidizing Thaumarchaeote Nitrosopumilis
(Fig S5-4). In contrast, sequencing of several bands from DGGE profiles corresponding to samples
taken from column experiments conducted at lower temperatures revealed methanogenic
Euryarchaea, in line with the observed CH, production.

Kinetics and thermodynamics of sulfate-reduction

The Arrhenius equation can only be applied over a limited temperature range, depending on the type
of enzymes involved and their denaturation temperature, which was not a priori known (Overmann
2013). We used the results of the TR experiment (Figure 5-2) and the 454-pyrosequencing data
(Figure 5-3) to constrain two temperature ranges (defined here as a mesophilic range of 5-50°C
and a thermophilic range of 50-70°C) for which kinetic and thermodynamic parameters could
be derived. In Figures 5-1 and 5-2, the simulated SO, concentrations are shown on basis of the
optimized parameters for the Monod and Arrhenius equations (Equations 5-1 and 5-2), and a
visually derived half saturation concentration of 4x10-> M.

In-situ sulfate-reduction rates (SRR) of 4.8x107'?to 4.3x10"" M s at 11°C, and E_ values of
115268 and 54+26 kJ mol' were calculated for the IRT experiments on sediments H2 and S,
respectively (Table 5-1). The mesophilic E, for sediment H2 had a very large standard error which is
due to the low SRR at 5 and 11°C, causing the E_ to be poorly constrained. The TR experiment on
sediment S yielded maximum SRR _ values of 4.8+6.1x10"and 5.3+11x10"°M s at T_ of 40°C
and 70°C, respectively. Derived E_-values for the low and high temperature ranges of sediment S
were 41+19 and 80+44 kJ mol', respectively.
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Table 5-1 Kinetic and Thermodynamic Sulfate-Reduction Parameters for the Monod Kinetic Model. Shown
are Derived Best Fit Values and the Standard Errors (%).

Sediment/ experiment T _ (°C) T __ (°0) S(?:i;jii" f;RSTﬂP)‘ (kJ :laol'1) Q,
A. IRT experiments

Sediment H2 (5-25°C) n.a. n.a. 4.8x1071? n.a. 115+267 5.3

Sediment S (5-25°C) n.a. n.a. 4.3x10" n.a. 54+26 2.2
B. TR experiments

Sediment S (5-40°C) 40 47 4.3x10""  4.8+6.1x107° 41+19 1.9

Sediment S (50-70°C) 70 >80 n.a. 5.3x11x10°1° 80+44 3.2

Notes: *: Topt, Tmax and SRR, could only be determined in the temperature ramping experiment: n.a., not
available

5.4 Discussion

Impact of temperature on prevailing redox reactions

Over the entire temperature range in sediment S and at elevated temperature (25 and 60°C) in
sediment H2, hydrochemical data, supported by microbial data, revealed sulfate-reduction as the
dominant redox reaction, whereas iron-reducing conditions only occurred at in-situ temperature
(11°C) and below (5 °C) in sediment H2. The prevalence of sulfate-reduction in sediment S and
the shift in prevailing redox processes from iron-reduction to sulfate-reduction with increasing
temperature observed in sediment H2, can be placed in a thermodynamic context by calculating
the H, threshold required for a given redox reaction to occur (Hoehler et al. 1998, Jakobsen et al.
1998, Hansen et al. 2001).

Microorganisms that gain energy from redox reactions with a low H, threshold have a
competitive advantage because they are able to oxidize H, produced by fermenting organisms
at H, levels sufficiently low to impede the respiration of microorganisms that depend on redox
processes having higher H, thresholds. We calculated the temperature-dependent H, thresholds
for specific redox-processes from the initial aqueous concentrations, the standard Gibbs free
energy, and the minimum free energy required for biochemical reactions to proceed (-7 kJ mol”
based on Jakobsen et al. (1998) and van Breukelen et al. (2003)) (Figure 5-4, details on the
calculation are presented in the SI). The relationship between temperature and redox-process
specific H, thresholds shows that reduction of Fe(lll) from lepidocrocite (a relatively reactive iron-
oxide) has the lowest H, threshold at a temperature below 25°C, while at higher temperature
sulfate-reduction proceeds with the lowest H, threshold. This agrees with the observed transition
from iron- to sulfate-reducing conditions with elevated temperature in sediment H2 and suggests
that both this transition, and the disappearance of the iron-reducing community at 60°C, are
induced by thermodynamic constraints.
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Figure 5-4 Hydrogen gas thresholds for different terminal electron accepting processes as function of
temperature using pH=7.0, Fe(l) =10“M, SO,> = 10* M, HS = 10"?M, CH,=10"" M, HCO, = 10° M at 11°C

(speciation at other temperatures was calculated using the geochemical speciation model PHREEQC v2.15
(Parkhurst and Appelo 1999)), and assuming the AG,_ of reaction is -7 kJ mol.

Although iron-oxide content was similar for both sediments, dissolved Fe(ll) was considerably
higher in groundwater of site H (6.5 mg L™ and 0.3 mg L' at sites H and S, respectively), potentially
indicating more favorable conditions for iron-reduction at site H. Possibly, iron-oxides were more
reactive at site H (e.g., presence of lepidocrocite) promoting iron-reduction there. Figure 5-4
shows that iron-reduction with less reactive goethite is unlikely to occur at ambient aqueous
conditions and explains why sulfate-reduction is dominant at site S.

At the shown aqueous concentration, methanogenesis is not thermodynamically favorable,
but as concentrations of SO, decrease with on-going sulfate-reduction the H, threshold for sulfate-
reduction increases. When it approaches the H, threshold for methanogenesis, this redox process
becomes possible. This is also visible in Figure 5-1B and 5-1G with the rate of methanogenesis
increasing with decreasing SO, concentrations.

Thermophilic redox processes and microbial communities

Both sulfate-depletion, sulfate-reduction rates, and molecular data indicate the emergence of
a thermophilic fermenting and sulfate-reducing bacterial community at temperatures >45°C.
This shows that part of the microbial functionality was maintained despite great temperature
changes. In contrast, hydrochemical data, supported by microbial data indicated that iron-
reduction and methanogenesis were insignificant in the thermopbhilic range. A number of
studies in Arctic marine sediments showed a similar emergence of a thermophilic fermenting
and sulfate-reducing bacterial community in laboratory experiments mimicking the mesophilic
microbial metabolism (McBee and McBee 1956, Isaksen et al. 1994, Bae et al. 2005, Hubert
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et al. 2009, Hubert et al. 2010). Hubert et al. (2010) used SRRs and microbial data to study
the temperature impact on organic matter mineralization in marine sediments and found two
distinct SRR peaks at 32 and 56°C. These T oot values were both around 10°C lower than found
here, which corresponds to the difference in in-situ temperatures between ours and their site.
On basis of the analysis of cloned 16S ribosomal RNA genes, Hubert et al. (2009) further showed
that at higher temperatures (50°C), a thermophilic community developed with Caminicella and
Caloranaerobactor-Clostridiisalibacter-Thermohalobacter lineages (Firmicutes phylum) capable of
producing volatile fatty acids. This production stimulated the germination of spores and growth
of Desulfotomaculum species; sulfate-reducing, spore-forming bacteria which were naturally
present in these sediments at very low concentrations (Hubert et al. 2009).

The emergence of several OTU closest related to spore-forming, thermophilic members of the
Firmicutes phylum was also evident in our sediments despite the very different origin of sediments
used by Hubert et al. (2009) and ours. The origin of thermophilic spore-formers found by Hubert
et al. (2009) was speculated to be petroleum reservoirs or mid-oceanic spreading centers from
which spores can migrate into superficial sediments. (Hubert et al. 2009) Our sediments were
taken from an active geological graben, bound by faults which penetrate to several kilometers
depth (van Balen et al. 2005). These faults are characterized by a high anisotropy with high
permeability along the fault plain and reduced perpendicular permeability (Bense et al. 2003,
Bense and Van Balen 2004). We speculate that, potentially, these faults provide preferential flow
paths for thermophilic spores to migrate to shallower geological layers.

Accumulation of dissolved organic carbon (DOC) and organic carbon turnover
Mineralization of sedimentary organic matter (SOM) comprises a number of steps (Muyzer
and Stams 2008) including hydrolysis, fermentation and terminal oxidation, e.g., by sulfate-
reduction, while the intermediate reaction products contributing to DOC are generally kept at
low concentrations at the in-situ temperature (Robador et al. 2011). This is consistent with our
observation that in sediment S, sulfate-reduction was occurring at 5°C, 11°C, and 15°C, but
no increase in DOC was observed (Figure 5-2). Only if the rate of one of the first two steps
(hydrolysis and fermentation) exceeds the rate of the terminal oxidation step, an increase in
DOC is expected. Such a decoupling between production and consumption rates and associated
accumulation of DOC, was observed in marine sediments when incubated above their in-situ
temperature (Weston and Joye 2005, Robador et al. 2011). This decoupling has been postulated
to be due to either an incapability of the growth of a fermentative population, or DOC being
less bioavailable at higher temperature (Robador et al. 2011). The latter explanation is more likely
in our case as we observed the emergence of a thermophilic fermentative bacterial community.
The changing reactivity with temperature of mobilized DOC was also observed by Xu and
Saiers (2010) in unsaturated soil column experiments and by Brons (1992) in saturated column
experiment. Xu and Saiers (2010) explained this by the dependence of DOC mobility on both the
temperature and molecular weight. Relatively large (recalcitrant) organic molecules remain sorbed
at lower temperature implying that the accumulation of DOC with rising temperature, is in fact
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a physical or a-biotic process (Xu and Saiers 2010). The fairly continuous DOC increase over the
entire temperature range (Figure 5-2), without the clear transition of mesophilic to thermophilic
activity as observed in the sulfate depletion, substantiates that the DOC formation is primarily
an abiotic process producing relatively recalcitrant DOC, not readily consumed by the fermenting
community. This results in the accumulation of DOC with both temperature and residence time.

Sulfate-reduction kinetics and thermodynamics

A comparison between in-situ SRRs reported in the literature for aquifers (Figure 5-5A and Table
S5-3, with data by Jakobsen and Postma 1994, 1999, and Benner et al. 2002)) and our results
shows that the SRR for sediment H2 falls within the 50% central region of SRR-values reported
in literature, while that of sediment S is just above this. It is also evident from Fig 5-5A that SRRs
observed in aquifers span a large range with values ranging three orders of magnitude. SRR
in aquifer sediments calculated by Jakobsen and Postma (1994) showed a general tendency
of the oldest sediments yielding the lowest SRRs. Our sediments are of Pleistocene age, and
SSRs specific for this age are at the top end of the reported range. The relatively high SRRs
especially for sediment S could be attributed to the fact that the SRRs reported by Jakobsen and
Postma (1994) were based on field estimates, which generally result lower values than laboratory
estimates (Hansen et al. 2000). The SRRs in fresh aquifer sediments are generally lower than
those observed in both saline marine (Isaksen et al. 1994, Arnosti et al. 1998, Marvin-DiPasquale
and Capone 1998, Roychoudhury et al. 1998, Roychoudhury 2004, Pallud and Van Cappellen
2006, Pallud et al. 2007, Robador et al. 2009, Sawicka et al. 2012) and geothermal sediments
(Jorgensen et al. 1990, Elsgaard et al. 1994, Kallmeyer and Boetius 2004) (Fig 5-5A), which may
due to a combination of sediment age (Middelburg 1989, Jakobsen and Postma 1994), the
extent of oxygen exposure during deposition (Hartog et al. 2004), and the lower abundance of
recalcitrant biomacromolecules (lignin) in marine sediments (Hartog et al. 2004).

Modeling temperature-dependent sulfate-reduction in aquifers using the Arrhenius
equation requires an E_value. Such value has to our knowledge only been reported by Benner
et al. (2002) for a reactive barrier comprising reactive organic matter from municipal compost
aiming to remediate a nickel contamination placed in an aquifer (E, = 40 kJ mol™'; Figure 5-5B).
This value is lower than the mesophilic range found for sediment S (54+26 and 41+19 kJ mol for
the IRT and TR experiments, respectively) and for sediment H2 (115+268 kJ mol"). Comparing the
SRR and E, values shown in Figure 5-5 with our results, there is a tendency that sulfate-reduction
coupled to relatively recalcitrant SOM oxidation (our experiments) proceeded at a low SRR and was
relatively sensitive to temperature change (high E, and Q,, values) in comparison to younger and
more reactive C present in the reactive barrier described by Benner et al. (2002) and the marine
studies shown in Fig 5-5. This agrees with the conceptual model for temperature dependence of
soil carbon mineralization by Davidson and Janssens (2006), in which the mineralization rate of
recalcitrant soil organic matter is low but highly temperature-dependent.
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Figure 5-5 Panel A shows sulfate-reduction rates (SRR) for our experiments at T, . and T . (blue and
red dots, respectively) compared with box plots of SRR for in-situ and optimum temperatures derived from
literature for aquifer (Jakobsen and Postma 1994, 1999, Benner et al. 2002) (in-situ only), marine (Arnosti
et al. 1998, Marvin-DiPasquale and Capone 1998, Roychoudhury et al. 1998, Roychoudhury 2004, Pallud
and Van Cappellen 2006, Pallud et al. 2007, Robador et al. 2009, Sawicka et al. 2012), and geothermal
sediments (Jorgensen et al. 1990, Elsgaard et al. 1994, Kallmeyer and Boetius 2004). Panel B shows the
activation energy (E,) of sulfate-reduction derived from our experiments (dots), a reactive permeable barrier
in an aquifer (Benner et al. 2002), and box plots for values for geothermal (Jargensen et al. 1990, Elsgaard et
al. 1994, Kallmeyer and Boetius 2004), and marine sediments. (Isaksen et al. 1994, Marvin-DiPasquale and
Capone 1998, Hubert et al. 2009, Sawicka et al. 2012) E, values for a number of these studies (Jargensen
et al. 1990, Isaksen et al. 1994, Kallmeyer and Boetius 2004, Hubert et al. 2009) were derived from SRR at
different temperatures. The SRR and E, values found by Benner et al. (2002) (discussed in text) are indicated
by the green point. Tabulated data from literature is presented in Table S6-3
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A number of studies on arctic marine sediments (Marvin-DiPasquale and Capone 1998,
Sawicka et al. 2012) report E_ values of sulfate-reduction in the same range as observed for the
mesophilic range in sediment S (50% of E_ values between 30 and 60 kJ mol™ in Figure 5-5B).
The E_for sulfate-reduction in geothermal systems shown in Figure 5-5B, however, reveals an E_
range between 100 and 160 kJ mol" (50% box) suggesting a different thermodynamic behavior
of thermophilic compared to mesophilic sulfate-reduction. We observed a similar effect in the
TR experiment using sediment S, where the E_ was considerably larger in the thermophilic (80kJ
mol") than in the mesophilic range (44kJ mol™). A possible explanation for the larger activation
energy under thermophilic conditions is a trade-off in biochemical processes between the enzyme
stability and activity (D’Amico et al. 2003). The catalytic capacity of enzymes depends on their
molecular flexibility which determines their capacity to bind and catalyze substrates (Danson
et al. 1996). Enzymes produced by thermophilic sulfate-reducing organisms require a higher
thermostability, making them less flexible and less efficient, potentially resulting in higher E_ values
for thermophilic enzymes. This phenomenon has not yet been reported for microbial processes
in aquifers, but has been reported for a pure culture study using mesophilic and thermophilic
homologues (Lam et al. 2011) and in another study on a number of psychrophilic enzymes (Feller
2003).

5.5 Environmental and technological implications

Overall, our chemical and molecular data, combined with the kinetic and thermodynamic
calculations show that the impacts of shallow geothermal energy (or any other temperature
perturbation) on key biochemical functions of the aquifer depend on (i) the thermodynamic
constraints on H, substrate utilization causing under our conditions in sediment H2 (having
reactive iron-oxides) a shift from iron-reducers to sulfate reducers, (i) the temperature tolerance of
the in-situ microbial community, which determines the range up to which a temperature increase
from in-situ conditions will result in acceleration of biochemical processes, (iii) the presence of
spores of thermophilic bacteria, determining whether a thermophilic microbial community will
develop following the die-off of the initially present microbial community, and (iv) the in-situ
SOM reactivity, where a lower reactivity generally results in higher E_ and Q,, and thus a more
pronounced effect of temperature increase.

The observed temperature-induced impacts on redox processes are relevant for groundwater
quality, drinking water production, and biodegradation of organic pollutants. Firstly, the increasing
mineralization rate and increasing DOC concentrations with enhanced temperature can cause
discoloration of the groundwater requiring additional treatment when used for drinking water
production (Amy et al. 1992). This process can be especially problematic because DOC mobilized
at higher temperatures is potentially more recalcitrant making it hard to remove in water
treatment. Secondly, the aquifer's SOM is an important contributor to contaminant buffering
capacity (Griffioen et al. 2012), for example, as a sorption medium for organic micro-pollutants
(Appelo and Postma 2005). Thermal removal of SOM from aquifers can, therefore, increase
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their vulnerability. Thirdly, a temperature-induced shift from iron-reducing to sulfate-reducing
conditions may affect the biodegradation potential of organic pollutants in various ways. On the
one hand, whereas iron-reduction is a key process governing anaerobic degradation of aromatic
hydrocarbons, a transition to more reduced conditions was observed to lower their degradation
rate (Cozzarelli et al. 2001). On the other hand, such a shift and lowering of sulfate levels may
promote reductive dechlorination of chlorinated ethenes (Chambon et al. 2013).

The identified impacts are also relevant for the design and operation of the shallow
geothermal system itself. Sulfate-reduction can cause anaerobic corrosion to, and subsequent
failure of, ferrous metals, and to a lesser degree to stainless steel (Brons and Zehnder 1990, Lerm
et al. 2013) reducing the life time of the system. Spores of thermophilic sulfate-reducers might
be omnipresent in the subsurface, and as such this issue should be considered during design
and operation of shallow geothermal systems (Hubert et al. 2009). Furthermore, the mobilized
organic carbon may provide substrate for microbial communities present on the geothermal well
screen, resulting in slime formation and clogging of wells or in line filters (Hijnen and Van der
Kooij 1992, Vetter et al. 2012). The latter aspect depends largely on the reactivity of mobilized
DOC which, as discussed, is likely to decrease with increasing temperature.
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Appendix 5: Supporting information

S5-1 Experimental details

The sediment cores were first flushed for 25 days at 0.37 and 0.33 mL min' for sediments H
and S, respectively (resulting in a water residence time of 1 day), allowing the microbiological
community to acclimatize to the temperatures and to investigate leaching behavior (Chapter
4). Following the 25 days, the residence time of water in the sediments was stepwise increased
resulting in residence times of 2, 10, and 27 days for sediment H2 and 2, 5, 15, 20, and 30
days for sediment S. After each residence time step, effluent was sampled and the core was
completely flushed, replacing all pore water with new influent. Following the increasing residence
time test, sediment S was subjected to temperature interval steps of 5°C and a 5 day residence
time. The sediment initially kept at 5°C was brought to 15°C, the 11°C sediment was brought to
15°C and 20°C, the 25°C sediment was varied between 30°C and 50 °C and the 60°C sediment
was varied between 50°C and 80°C. A number of temperature steps was carried out in duplicate
(30°C, 40°C, 50°C, 65°C) and in triplicate (5°C, 11°C, 15°C, 20°C). Following these tests, the
sediment cores were kept again at the original temperatures of 5°C, 11°C, 25°C and 60°C for a
period of two weeks before dismantling and sampling of sand for DNA extraction. Figure S5-1
shows the applied sampling schedule for both types of experiments.

$5-2 Methods: microbiological analyses

DNA Extraction

DNA was extracted from sediment samples by adding 50 mL of autoclaved tap waterto 2 -5g
sediment samples. Subsequently the samples were sonicated for 2 min at 20 kHz in a Sonifier I
W-250 and the liquid phase was collected. DNA was isolated from the liquid samples by filtration
over a 25-mm polycarbonate filter (0.22 pm pore size, type GTTP; Millipore, the Netherlands). The
filter was subsequently added to the phosphate and MT buffer of the FastDNA Spin kit for soil
(Qbiogene) and stored at -20°C. DNA was isolated using the FastDNA Spin kit for soil according
to the supplier’s protocol. DNA was extracted following 40 days (effluent only) and 70 days
(effluent and sand) of incubation of sediment H2, and at the end of the experiment (180 days)
of the sand from sediment S.

T-RFLP fingerprinting of bacterial communities

The diversity and composition of the bacterial communities in the samples were determined by
terminal restriction fragment length polymorphism (T-RFLP). For T-RFLP analysis, 16S rRNA genes
were amplified using primers 8f-FAM (i.e. 6-carboxyfluorescein labeled) and 1392r, and the PCR
amplification conditions. Fluorescently labeled PCR products (45 pL) were purified using a DNA
Clean & Concentrator™-5 Kit according to the manufacturer’s instructions (Zymo Research, USA).
Digestion mixtures (20 pL) contained 5 U of restriction enzyme Hhal (Promega, The Netherlands),
2 pL of buffer C (Promega), 0.2 pL of BSA, and 5 pL of purified PCR product, and were incubated
for 6 hours at 37°C. Subsequently, the digestion mixtures were purified as described above.
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Purified digestion products (5 pL) were mixed with 15 L of loading buffer Hi-di formamide and
1 pL of internal standard GeneScan-1000 ROX (both Applied Biosystems, The Netherlands). After
heating for 3 min at 95°C and subsequent cooling on ice, the fluorescently labeled terminal
restriction fragments (T-RFs) were size separated on an ABI Prism 310 genetic analyzer (Applied
Biosystems) in GeneScan analysis mode (Applied Biosystems). Cluster analysis based on Euclidean
distance was performed with BioNumerics 6.0 software (Applied Maths, Belgium) by comparing
the t-RFLP electropherograms using Pearson correlation as a distance measure (Figure S5-2).

Amplicon preparation and pyrosequencing of bacterial 16S rRNA genes

Barcoded amplicon libraries of the small subunit ribosomal RNA gene hypervariable region V5-V7
were generated for each of the individual sample as described previously (Kraneveld et al. 2012)
pooled and sequenced by means of the Genome Sequencer FLX Titanium system (Roche, Basel,
Switzerland). The sequencing data was processed using QIIME (Quantitative Insights Into Microbial
Ecology) version 1.5.0 (Caporaso et al. 2010). For further downstream analyses, barcodes and
primer sequences were trimmed and low quality reads (reads containing ambiguous base calls,
>1 error in the primer, >1 error in the barcode, >5 nt homopolymer sequence, the average quality
score below 30, or a length <200 bp or >1000 bp) were removed from the analyses. Sliding
window test (50 nt) of quality scores was enabled and sequences of low quality were truncated
at the beginning of the poor quality window. The reads were denoised using Denoiser version
1.3.0 (Reeder and Knight 2010). The de-noised reads were checked for chimeric sequences using
UCHIME version 4.2.40 (Edgar et al. 2011). The results of the de novo and the reference-based
approach were combined and reads marked as chimeric were removed.

The cleaned reads were clustered into Operational Taxonomic Units (OTUs) at a minimal
sequence similarity of 97% using UCLUST Reference Optimal (Edgar 2010). The representative
sequence of each cluster was assigned a taxonomy using the Ribosomal Database Project (RDP)
classifier (Cole et al. 2009). The minimum confidence was set at 0.8. For taxonomy assignment
the SILVA rRNA database (Pruesse et al. 2007) was trimmed to span the targeted hypervariable
regions V5 — V7 as described by Brandt et al. (2012). The taxonomy assigned OTUs were aligned
using PyNAST (Caporaso et al. 2009). For the alignment, the minimum aligned sequence length
was set at 150 nt and the minimum percent identity at 75%. To allow comparisons among
different samples, a randomly sub sampled dataset of 1670 reads per sample (the minimum
number of reads per sample was 1673) was created. Raw sequences are available at NCBI short
read archive under accession number SRP026337. Non-metric dimensional multiscaling after Bray
Curtis similarities was performed in PAST version 2.14 (Hammer et al. 2001).
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Figure S5-1 Sampling schedule for the two experiment types on sediment H2 and S. Sediment H2 was only
used for the increasing residence time experiment, while sediments H and S were used for both types of
experiments.
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Denaturing Gradient Gel Electrophoresis (DGGE) of archaeal communities
16S rRNA gene fragments of Archaea were amplified by nested PCR, using first primers PRA46f
and Univ0907r, followed by amplification with primers PARCH340f-GC and PARCH519r (second
set). (Ovreds et al. 1997, Vetriani et al. 1999) A total volume of 25 pL was used in each PCR
reaction, containing 0.4uM forward and reverse primers; 0.4 mg mL' BSA (Bovine Serum
Albumin - New England BioLabs, Leusden, The Netherlands); 12.5 pL Fidelitag PCR Master Mix
(2X) (USB Corporation, Cleveland, OH); 8.5 pL DNase and RNase-free water (MP Biomedicals,
Solon, OH) and 1 pL template. For both PCRs an initial denaturation was performed at 94°C
for 4 minutes; 35 cycles of 94°C for 30 s, 54°C for 1 min and of 72°C for 1 min; plus a final
elongation step at 72°C for 5 min. PCR products were profiled by Denaturing Gradient Gel
Electrophoresis (DGGE; Bio-Rad DCode Universal Mutation Detection System). Markers consisting
of a mixture of 12 different bacterial 16S rRNA gene fragments were used alongside the samples
to aid in normalization. Gels were 8% polyacrylamide (37,5:1 acrylamide/Bis) with a denaturing
gradient of 30/70%. Electrophoresis was performed in 1xTAE buffer during 4 hours at 60°C and
200V. Gels were ethidium bromide stained, illuminated under a Vilber Lourmat (TCP-20-M) UV
transilluminator and photographed.

Phylogenetic analysis was performed for bands excised from DGGE gels. DNA was eluted
by incubation overnight at 4°C in 50 pL of TE buffer. One L of the eluted DNA was used as a
template for a PCR reaction with primers pARCH34f and pARCH519r without GC-clamp (Ovreas
et al. 1997, Vetriani et al. 1999). Bidirectional sequencing of the product was carried out by
Macrogen Europe (Amsterdam, The Netherlands). Contig assembly was done using DNA Baser
software. The assembled sequences were compared with sequences deposited in GenBank using
BLAST (Altschul et al. 1990).

$5-3 Hydrogen thresholds for redox processes

The prevalence of different redox processes was evaluated using the energetics of the terminal
electron accepting processes (TEAPs) (Hansen et al. 2001). In order to do this, we considered the
four relevant TEAPs shown in Table S5-1 based on H, oxidation. H, is microbiologically produced
in anoxic environments by fermentation of sedimentary organic matter, and subsequently used
to reduce inorganic species.

Table S$5-1 Reaction equations and thermodynamic data used to calculate the threshold H, concentrations

for terminal electron accepting processes. Thermodynamic data taken from Stumm and Morgan (1996)

Reaction AG° (kJ mol™) at 25°C AH° (kJ mol™)
H, + 2FeOOH (goethite) + 4H* <> 2Fe?* + 4H,0 -146.8 -198.7
H, + 2FeOOH (lepidocrocite) + 4H* <> 2Fe?* + 4H,0 -174.4 -198.5
4H, + SO,2 + H* < HS" + 4H,0 -262.35 -235
4H,+ HCO, +H* <> CH, + 3H,0 -229.41 -237.81
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The general equation of writing the H, oxidizing reaction (with a stoichiometric coefficient for H,
of 1) is given by (Hoehler et al. 1998, van Breukelen et al. 2003):

TH, + aOx + bH+ > cRed + dH,0 (55-1)

where aOx and cRed are the oxidized and reduced forms of a terminal electron acceptor. The free
energy of this reaction, AG, (kJ mol™) is given by:

AG, = [AG”’T +RTLn ([Red]c ij—RTLn[HZ] (55-2)

[Ox]“[H"]

where AG®Tare the Gibbs free energy of the reaction at given temperature T (K) under standard
conditions, which can be corrected using the Gibbs—Helmholtz equation, and R is the gas
constant. Eq. S5-2 can be used to derive the threshold or minimum H, activity for the redox
reactions shown in Table S5-1 to proceed, assuming a minimum free energy AG, required for
biochemical reactions to proceed. We used a minimum free energy of -7 kJ mol™ H, based on
Jakobsen et al. (1998) and van Breukelen et al. (2003). The latter can be considered to equal

the free energy for ATP formation and implies that the redox process must yield at least enough
energy to produce ATP (LaRowe and Van Cappellen 2011, LaRowe et al. 2012).

$5-4 Microbiological results
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Figure §5-2 Dendrogram of the cluster analysis for T-RFLP data based on Euclidean distance using Pearson
correlation as a distance measure.
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Table S5-2. Available as separate Excel Spreadsheet (supplementary information available on-
line), Characteristic Operating Taxonomical Units (OTUs) present in sediment (gray columns) and
water (white columns) obtained from column experiments conducted at various temperatures.
Three features are indicated, separated by lines. The top part in the table shows OTUs present
at in total 10 or more counts in samples derived from columns conducted at 60°C, while these
OTUs were not observed at lower temperature. The middle part shows OTUs indicative of sulfate
reduction. The lower part shows OTUs indicative of iron reduction. Per feature, OTUs are sorted on
basis of relative abundance, with the highest abundances (over all samples) on top. Classification
is shown up to genus level. Physiology was derived from general, scientific literature (e.g.
Bergey’s manual of Systematic Bacteriology, The prokaryotes, International Journal of Systematic
and Evolutionary Microbiology), to indicate characteristics observed for members of a particular
genus: Sp, sporeforming, Th, moderate thermophilic (40-65°C); Sulf, sulfate-reducing, Fe, iron-
reducing. The percentage occurrence of each OTU in a particular sample is given. It should be
noted that OTUs only found in samples from the 60°C experiment and indicative of sulfate- or
iron-reduction, are not repeated in the middle and lowest part, respectively, but are included in
the total abundances of sulfate- and iron-reducers. Raw sequences are available at NCBI short
read archive under accession number SRP026337.
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Figure S5-3 Relative abundances of reads (in percentage) attributed to phyla in sediment and water obtained

from column experiments conducted at various temperatures
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3 Methanococcus vannielii SB NR_074175.1 81%
4 Marine crenarchaeote RS.Sph.033 DQ097307.1 91%
5 Methanothermus fervidus DSM 2088 NR_102926.1 84%
6 Methanothermus fervidus DSM 2088 NR_102926.1 84%
7 Methanocaldococcus indicus strain SL43 NR_028861.1 84%
8 Nitrosopumilaceae archaeon MY1 HQ331116.1 97%
9 Vulcanisaetamoutnovskia 768-28 NR_102947.1 82%
10 Candidatus Methanomethylophilus alvus Mx1201 CP004049.1 89%
5 Haloarcula sp. PCR16SARA2 KC312960.1 88%
12 Methanosaeta harundinacea NR_102896.1 78%
13 Haloferax sp. Bej51 GU361125.1 83%

Figure S5-4 DGGE profiles of archaeal 16S rRNA gene fragments (30-70% denaturing gradient) obtained
from sediment and water sampled from column experiments conducted at various temperatures. An empty
lane indicates that no PCR product was obtained. Numbers refer to bands that have been cut out and

sequenced. Closest hits of cultured species, with accession numbers and percentage similarity are indicated
in the table.
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$5-5 Kinetic and thermodynamic parameters of sulfate reduction reported in literature

Table S5-3 Literature values for sulfate reduction kinetics and thermodynamics in marine and aquifer
sediments. If two samples are available, the range is shown. With more samples the average and standard

deviation are shown.

Sediment type T T T, r .2 7.2 E Q,,

in-situ in-situ

or experiment Wt et (50) (00 (°Q)  (MsY) M's) (ki mol)
Our experiments
A. Increasing residence time
Sediment H2 (5-25°C) 11 n.a. n.a. 4.8x1072 n.a. 115£267 7.0
Sediment S (5-25°C) 11 n.a. n.a. 4.3x10™ n.a. 54426 2.4
B. Temperature ramping
Sediment S (5-40°C) 11 40 47 4.3x10""  4.8+6.1x10™  41+19 1.9

Sediment S (50-70°C) 11 70 >80 n.a. 5.3+11x10"°  80+44 3.2
Remg aquifer, Holocene eolian sand® 1.6 - 140x10"2
Tuse Naes, Pleistocene glacial sand® 5-12x107"
Data compilation of others®:
Cretaceous sands and carbonates 2.2 - 48x10'®
(Black Creek,US)
Tertiary limestone (Florida, US) 3.2x10"°
Cretaceous sandstone (Fox Hills, US) 6.3x10"°
Pleistocene sand (Fuhrberg, DE) 4.4x1013
Pleistocene sand (Sturgeon Falls, CA) 4.1x1013
Pleistocene sand (Bocholt,DE) 7.3x10°7"3
Reactive permeable aquifer barrier 1.3x10° 40 1.8

(pea gravel & compost)

Literature values for marine and estuarine sediments (all Holocene)

Shelf & slope sediments? (muds with 3.2 22.6 33  2.3+3.1x10"° 1.5£1.7x10° 34+11 2.5+0.4
organic carbon, 1-7%0C), n=10

Estuarine silty clay and sand® (0.8- 3-27 4.5+4.1x10° 7.2+7.4x10° 51£19 2.3+0.6
4%0C), n=6
Marine clay/mud? Arctic 2 22-32 40 0.9-5.1x1071° 1.3x10°% 50 2.1
Moderate climate 3-20 30-36 >40 0.2-7.6x101° 3.1x10°® 81 3.2
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Table S5-3 Continued
Sediment type or experiment T T T, r. .2 r 2 E Q,

in-situ in-situ

) O O (Ms)  (Ms) (ki mol)

Literature values for geothermal sediments

Hydrothermal vent sediment ate: 80 100 105 1.5x10® 1.3x107 115 5.3
2.2 x107 Pa (in situ) (73-100°C)
4.5 x107 Pa (73-95°C) 80 95 105 1.6x107 96 4.0
Yellowstone geothermal Park": 85 2.8 5¢r 17 1.2
Obsidian pool, 35, 65, 85°C
Black sediment pool, 30, 40, 70°C 70 4.9 x10° 38 1.5
Mushroom spring, 30, 60, 70°C 60 6.4 x10° 119 3.8
Guaymas Basin hydrothermal vent' 25 63 67 3.2 x10° 254 40
(clays/silts): sample A (53-63°C)
sample B (70-77°C) 70 77 83 1.9x10° 334 127
sample C (60-83°C) 75 83 90 6.9 x10° 102 4.4
Literature values for incubated experiments at both low and high temperatures
Marine Arctic sediment’: 22-+4 22 32 1-15x10" 1.4x10° 71 2.8
Psychrotolerant range (0-22°C)
Thermophilic range (47-56°C) -2 -+4 56 64 1-15x10"  8x10°® 98 4.1
Marine moderate sediment® 0-15 31 40 5.8 x101° 5.8x10° 75 3.0
Mesophilic range (0-40°C)
Thermophilic range (45-58°C) 0-15 58 65 5.1x10° 199 17.9
Geothermal lacustrine sands": 60-101 45 1.2 x10°
Mesophilic range (20-50°C)
Thermophilic range(50-82°C) 60-101 65 82 1.2 x10° 114 3.3

Notes: a Marine SRR are often reported in nmol cm=day™” determined by 35S radiotracer method where SR
is determined per cm? sediment. These values are converted to a SR in M s using the published porosity for
the sediment used. If no porosity is given, a porosity of 0.5 was assumed.

b: Jakobsen and Postma (1994)

c: Benner et al. (2002)

d: Sawicka et al. (2012)

e: Marvin-DiPasquale and Capone (1998)

f: Robador et al. (2009)

g: Kallmeyer and Boetius 2004), Ea calculated with SRR and temperatures shown in Table 1 in Kallmeyer and
Boetius (2004)

h: Roychoudhury (2004),

i Jargensen et al. (1990), Ea calculated from SRR and temperatures shown in Figure 6 in Jgrgensen et al.
(1990)

j: Hubert et al. (2009, Hubert et al. 2010)Calculated from SRR and temperatures shown in Figure 1 in Hubert
et al. (2009)

k:lsaksen et al. (1994), Calculated from SRR and temperatures shown in Figure 1B in Isaksen et al. (1994)

| Elsgaard et al. (1994)
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Chapter 6

Hydrogeochemical modeling to explain and
quantify impacts of shallow geothermal energy

on groundwater quality

Bonte M., Stuyfzand P.J., van Breukelen, B.M. (submitted) Hydrogeochemical modeling to
explain and quantify impacts of shallow geothermal energy on groundwater quality



Abstract

In this chapter, we used the results of the laboratory column experiments described in the
previous chapters to develop and calibrate a hydrogeochemical reactive transport model
(PHREEQC). The model included temperature-dependent surface complexation and cation-
exchange, dissolution of K-feldspar, and mineralization of organic matter via sulfate-reduction,
and methanogenesis. Optimization results combined with literature data revealed that surface
complexation of (oxy)anions is consistently exothermic and their sorption decreases with
temperature, whereas surface complexation of cations is endothermic and their sorption
increases with temperature. The calibrated model was applied to simulate arsenic and boron
mobility in several hypothetical aquifer thermal energy storage systems using a mirrored axi-
symmetrical grid. Results showed the system mobilizes arsenic and boron towards the fringe
of the warm water plume and the center of the cold water plume where these solutes become
resorbed. This transient re-distribution of trace metals, causes their agueous concentrations
in the cold and warm groundwater plumes to gradually approach similar elevated levels,
with a final concentration depending on the average temperature over the warm and cold
groundwater zones.

6.1 Introduction

In the previous chapters, we used column experiments to investigate the possible effects of thermal
changes in permanently anoxic unconsolidated sediments. Our experimental data showed firstly
that particularly arsenic showed an increased mobility upon a temperature increase, which was
interpreted to result from the exothermic nature of anion sorption (AH, ranging between -56 to
-84 kJ mol). Secondly, the rate of sulfate-reduction showed a strong temperature-dependence
in which two distinct temperature ranges were identified, namely for mesophilic and thermophilic
sulfate-reduction.

The aim of this chapter is to integrate the experimental results of these two studies with the
hydrogeochemical model using the PHREEQC (Parkhurst and Appelo 1999) code to gain a
quantitative understanding of the hydrochemical processes and their interaction occurring upon
a temperature variations. We extended the Dzombak and Morel (1990) database, available
in PHREEQC for modeling surface complexation, to include temperature for a selection of
relevant solutes, which to our knowledge has not been attempted or published before. The
calibrated model was subsequently applied to several hypothetical ATES systems using a novel
computationally efficient modeling concept utilizing two mirrored axi-symmetrical flow tubes. To
our knowledge this setup has not been applied before and allows to gain a fast understanding of
the prevailing hydrochemical processes in dynamically interacting well doublets without the need
of full 3-D hydrogeochemical transport modeling.
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6.2 Summary of experimental methods

Sediments and water used in the column experiments were collected at Scherpenzeel
(Netherlands), from a depth of 34-36 m-SL. The sediment sample (sample code S in the previous
chapters) was collected from an unconsolidated sandy Sterksel aquifer, which was deposited
during the Early to Middle Pleistocene (Westerhoff 2003). The sample consisted mainly of quartz
sand (>90%), with minor fractions of K-feldspar, clay minerals, organic matter, carbonates,
pyrite, and reactive iron (Table 6-1 & Table 4-1). Following sample collection and homogenization
in a glovebox under N, atmosphere, four identical sediment cores (with length=440mm and
diameter=66mm) were placed in the experimental setup at temperatures of 5°C (representing
cold storage), 11°C (ambient temperature), 25°C (maximum allowed regular ATES), and 60°C
(high temperature ATES).

First, the cores were flushed for 25 days, with a residence time in the columns of 1 day
while frequently sampling of effluents. This constant flux (CF) experiment focused on processes
which can be considered to be in thermodynamic equilibrium (cation-exchange and surface
complexation). And is described in detail in chapter 4. Second, in a subsequent increasing
residence time (IRT) experiment the residence time was increased stepwise to 2, 5, 15, 20, and
30 days. Third, in a final temperature ramping (TR) experiment the temperature was ramped
between 5 and 80°C keeping the residence time fixed at 5 days. These latter two experiments
focused on redox processes such as sulfate-reduction and methanogenesis and results of these
two tests, including results of the observed microbial communities changes are described in
Chapter 5. Last, a tracer test was conducted using NaCl to determine the dispersivity in the
cores. This yielded dispersivities of a=9 c¢m for the 11°C column, a=10 c¢m for the 5°C and 25°C
columns and a=24cm for the 60°C column (Figure S6-1 and Table S6-1) which were included in
the transport modeling.

Influent for all experiments was derived from groundwater collected from a monitoring
well, constructed in the same borehole from which the sediment core was taken. Influent is
anoxic and has low iron and sulfate concentrations (Table 6-1).

6.3 Modeling framework

Conceptual Model

In the previous chapters, the results of the CF, IRT, and TR experiments were described resulting
in a conceptual model of the groundwater-sediment interaction at varying temperatures. The CF
experiment revealed a strong temperature dependence of arsenic and to a lesser degree boron
mobilization, which was interpreted as thermally induced desorption from iron-oxides or other
reactive surfaces. Silica and potassium showed a significant mutually correlated increase believed
to be the result of (incongruent) dissolution of K-feldspar. Increased concentrations of dissolved
organic carbon and total phosphorus were inferred to be caused by a combination of desorption
and mineralization of sedimentary organic matter (SOM). Hydrochemical and microbial data
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from the IRT and TR experiments showed that sulfate-reduction was the dominant redox process
over the tested temperature range (5-60°C) in this sediment and that methanogenesis occurred
between 25-40°C. Again, elevated DOC concentrations were measured, increasing with both
residence time and temperature, assumed to be the result of primarily chemical hydrolysis. These
processes are considered in the model construction described below.

Modeling grid, boundary and initial conditions
We used PHREEQC version 2.18 (Parkhurst and Appelo 1999) to simulate the governing
hydrochemical processes combined with the Minteq.v4 (Parkhurst and Appelo 1999) database
amended with the cation exchange data and silicate mineral dissolution rate equations from
the PHREEQC (Parkhurst and Appelo 1999) database. We applied two model setups: a) a flow
tube model for model calibration to the column experiments (hereafter called calibration model),
and b) a double axi-symmetrical flow tube model (here after called ‘DAFT’ model) to simulate a
hypothetical ATES system consisting of a connected well doublet (a scheme of both model grids
is shown in Figure 6-1).

The space and time discretizations of the calibration model for the CF experiment were
Ax = 8.8 cm (5 cells) and At = 24hx60minx60s/5 cells = 17,280 s, respectively. The cell size (Ax)
was based on the selection of a minimum number of flow cells such that Ax<a, required for
a sufficiently low Peclet number to minimize numerical dispersion and oscillations (Parkhurst
and Appelo 1999), and limited to the lowest found dispersivity of a=9 cm for the 11°C column
(Table S6-1). The time step At followed from the applied residence time of 1 day. The increasing
residence time test was simulated by stepwise increasing the residence time in the model.

The DAFT model comprised two connected, mirror imaged axi-symmetrical flow tubes of
50 cells for each ATES well (Figure 6-1). The connecting 51¢ cell represents the heat exchanger
present between the ATES system’s cold and hot wells. Radial flow was simulated by decreasing
the cell lengths away from the center cell according to equations (6-1) and (6-2) (Appelo and
Postma 2005):

L

Ax;l =— _
i=] \/; (6 1)

Ax, = Ax,_ (i —~li—1) (6-2)

where Ax_, and Ax, are the cell sizes of the first and it" cell, respectively, n is the total number of
cells which is equal to 50 (for each well), and L is the total length of the flow tube, which is equal
to 30 m.

The initial conditions in both models for the reactive surfaces (cation-exchanger and surfaces)
were set by first applying equilibrium between the reactive surfaces and an initial aqueous solution
at 11°C (in-situ groundwater temperature). Initial pore water solution for the calibration model
was based on the average effluent concentration of the first three ‘pore flushes’ (i.e, replacing
the water volume in the core three times) at 11°C. Table 6-1 presents an overview of the initial
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pore water and influent solute concentrations used in the model. For the DAFT model we used
the influent concentrations shown in Table 6-1, both as initial and influent concentration, with
the exception for arsenic for a concentration of 5 ug L' was taken.

Table 6-1 Initial concentration and influent used in the PHREEQC simulations. All values are in mg L for

water and mol L' for minerals, except when stated otherwise.

Parameter Initial conditions Influent
Influent
pH 7.2 7.2
Alkalinity (meq L) 1.8 1.8
SO, 6 6
P 0.05 0.05
DOC 1.7 0.55
K 1.4 0.8
Si 6.42 6.42
Ca 37.1 29.9
Mg 2.8 22
Sr 0.09 0.09
Fe(ll) 0.28 0.26
Mn 0.06 0.08
As(lll)2 0.015 0.001
B 0.05 0.002
Sediment (initial only)®:
SOM 0.29 mol L' (0.14 % d.w.)
K-feldspar 0.56 mol L' (2.5 % d.w.)
Calcite 0.16 mol L' (0.74 % d.w.)
CEC 47 meq L' (7.1 meq kg™)
Fe-oxides 0.30 mol L' (0.43%d.w.)

2 speciation was calculated with PHREEQC showing that >99% was present as the species shown,.’:
converted from %d.w. to mol L [i] by taking: mol L' = %d.w. p,, / (n M) with bulk density p, , =2.12 kg

L' and water content n=0.32, i is solid phase with mol mass M, More details on geochemical parameters is
included in Table 4-1.
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Figure 6-1 Schematic setup of model grids for the calibration model and the DAFT model, and the post
processing of DAFT model output.
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Heat boundary conditions and transport
The calibration model was run at set temperatures of 5, 11, 25, and 60°C as applied
experimentally. The DAFT model contained one fixed temperature cell: the mirror cell of the flow
tube representing the heat exchanger. Heat transport was simulated as a separate species with a
thermal retardation factor R, calculated with:

=1+ (l_n)p:Ks
anKM’

R, (6-3)
where n is the porosity, p and k are the density and specific heat with subscripts s and w denoting
the solid matrix and water, respectively. Values of n = 0.32, p_ = 2.65kg dm?, x_= 0.830 kJ K
kg', p, = 1.0kgdm? x, =4.18 k) K" kg™ (based on Engineering toolbox (2013)) yield R =2.12.

Temperature correction for mineral equilibria and reaction rates
PHREEQC automatically corrects the equilibrium constants (log K) for mineral interactions and
sorption for temperature changes according to the Van 't Hoff equation: (Appelo and Postma
2005)

logK;, —AH, [1 1]

logK, 2303R\T, T,

(6-4)

where K, and K, are the equilibrium constants at temperatures T, and T, (K), respectively, and
R is the molecular gas constant (8.314 J K" mol”"). Temperature dependence of kinetic reactions
was modeled using the Arrhenius equation (Sawicka et al. 2012). Converting reaction rates from
one temperature T, to the next T, using the Arrhenius equation can be done with Eq 6-4 where
AH_is replaced with the activation energy E_ (kJ mol™) and log K is replaced with the log of the
reaction rate (log ).

Surface complexation modeling

Surface complexation modeling (SCM) to reactive iron oxide surfaces was performed with
PHREEQC using the electrostatic diffuse double layer model of Dzombak and Morel (1990)
(D&M, Table 6-2) Although this model was initially developed for pure phase ferrihydrite, the
model concept has also been applied to goethite (Appelo et al. 2002, Dixit and Hering 2003)
or natural sediments (Postma et al. 2007, Stollenwerk et al. 2007). Consistent with the D&M
database, sorption of anions and oxyanions only occurred on weak sites. We expanded the D&M
database with literature values for sorption of silica (Hansen et al. 1994, Swedlund and Webster
1999), carbonate as previously added to the D&M model (Appelo et al. 2002), and DOC (Evanko
and Dzombak 1998) as these species compete with other species, like arsenic and boron, for
sorption sites (Appelo et al. 2002, Bauer and Blodau 2006, Jessen et al. 2012). Because sorption
constants derived for synthetic laboratory grade oxides can differ considerably from those in
natural sediments, we further optimized sorption constants for silica, arsenic, carbonate, boron
and phosphate through model calibration.

Hydrogeochemical modeling to explain and quantify impacts of shallow geothermal energy on groundwater quality | 111



The original D&M model does not provide AH values required to include temperature
dependence of sorption. Enthalpy values for surface protonation of oxides are reasonably well
documented and we used the values derived for goethite from a large set of data and a theoretical
model by Sverjensky and Sahai (1998). For the sorbing species, we derived several values from
the literature for sorption to oxides (Table 6-2). For arsenic we used the average enthalpy derived
with our previous model-based interpretation of the dataset (chapter 4) and for species for which
literature data were absent.

Table 6-2 Surface complexation parameters included in the PHREEQC-PEST model with initial and optimized

parameter values (xstandard error)

Log K® AH, (kJ mol)°
Surface complexation reactions Initial optimized Initial Optimized
=FeOH + H* <> =FeOH?* 7.29 n.o.° -47.3¢ n.o.°
=FeOH <> =FeO + H* 8.93 n.o.° 54.0¢ n.o.°
=FeOH + H,SIO, <> =FeH_SiO, + H,O 3.62,4.28¢ 4.0+0.3 -43.7¢ -20+5
=FeOH +H,AsO, < =FeH,AsO, + H,0 5.41 4.9+0.2 -689 -41+£5
=FeOH + H,BO, <> =FeH,BO, + H,0 0.62 3.4+0.4 -13.8" -23+20
=FeOH + CO,* + H*<> =FeCO, + H,0 12.56! n.o.° -68 -47+10
=FeOH + CO,* + 2H*<> =FeHCO, + H,0 20.62 n.o.° -68 -31+8
=FeOH + DOC + H* <= =FeDOC + H,0 10.3% 11.9+0.3 -68 -18+20
=FeOH + DOC + H* <> =FeDOC + H,0 10.3¢ 12.7+0.3 -68 -110+10
=FeOH + PO,> + 2H* <> =FeHPO4  + H,0f 25.39 25+0.5 -68 -61+6
=FeOH + Ca%*" <> =FeOCa* + H* -5.85 n.o.° 35! 70.0+20
=FeOH + Mg?** <> =FeOMg* + H+ -4.6 n.o.° 80 5.2+50

Sediment:

Site density: SD = 2 sites nm? = 3.32 pmol m? based on value for goethite by (Dixit and Hering 2003)
Reactive surface area A, = 54 m? g based on (Dixit and Hering 2003)

Weight iron oxides W = 26.4 g L

Sorption site sites N, = SD A, W = 4.7 mmol L'

2. All equilibrium constants were obtained from the PHREEQC database based on the D&M model for
hydrous ferrous oxides (Dzombak and Morel 1990), unless stated otherwise, : n.o. not optimized, < Based
on (Sverjensky and Sahai 1998), 9: Based on (Hansen et al. 1994, Swedlund and Webster 1999), ©: value
for goethite by (Kersten and Vlasova 2009b), f: only the second protonation complex was significant in the
model 9: Value for same sediments from van 't Hoff plot of sorption isotherm coefficients, ": Value for hydrous
Al-oxide from (De Bussetti et al. 1995), : Value for goethite from (Appelo et al. 2002), - No value available,
assumed equal to As, *: first and second protonation constant for 2,3 DHBA (a NOM analogue organic acid)
for sorption on goethite (Evanko and Dzombak 1998), : Value for goethite from (Trivedi and Axe 2000)
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Cation-exchange

Cation-exchange of Na, K, Ca, Mg, Fe, and Sr was simulated using exchange half reactions
related to the reference half reaction for Na* exchange (Table 6-3) and based on the Gaines-
Thomas convention (Appelo 1994). Values for the exchange coefficients were taken from the
PHREEQC database (Parkhurst and Appelo 1999), which also includes enthalpies for most solutes,
except for Fe and Mn. The latter solutes were however considered to be of minor importance
in this experimental system. The exchange coefficient (log K) and enthalpy (AH)) for potassium
exchange were optimized during model calibration. Local equilibrium was assumed to occur
within the minimum applied 24 hour residence time, based on several earlier studies (Sawhney
1966, Jardine and Sparks 1984, Sparks and Jardine 1984, Bond and Phillips 1990, Griffioen and
Appelo 1993, DeSutter et al. 2006). The cation-exchange capacity (CEC) was estimated with an
empirical regression equation based on organic matter and clay content by van Helvoort et al.
(2007) (Table 6-1, Table 4-1).

Table 6-3 Reactions and control parameters (log_K and AH values) to simulate cation-exchange, initial values
(PHREEQC database), optimized values (average and standard error), and reported literature values or ranges.
Log K AH, (kJ mol)

Initial® optimized Literature range Initial® optimized
compiled by Karlsen
et al. (2012)

Na* + X <= NaX 0 0

K+ + X <= KX 0.7 1.4+0.1 0.2-2.6 -4.3 -19+1
Ca?* + 2X <> CaX, 0.8 0.3-2.4 7.2

Mg?* + 2X < MgX, 0.6 0.2-1.6 7.4

Mn* + 2X° = MnX, 0.52

Fer2 + 2X = FeX, 0.44

Sr¥t 42X <> SrX, 0.91 0.1+0.3 5.5 4+2.7

a: based on PHREEQC database, original references are in database.

Kinetic dissolution of K-feldspar

The PHREEQC database contains a rate equation describing the kinetic dissolution of K-feldspar
based on Sverdrup (1990) (Eq 6-5) which we used as an initial dissolution rate, romp(M s) at the
start of the experiment:

J.Ak _

To.kfsp = s

OH™ " OH~

A . AA - n .
721% L= Ry ko 4Ry g koo, PG+ Kpoc i

where A is the unitless roughness coefficient (ratio of true and geometric surface area as described
by White and Brantley (2003)), A is the mineral surface area (dm?kg™), V is the volume of water

Hydrogeochemical modeling to explain and quantify impacts of shallow geothermal energy on groundwater quality | 113



in contact with 1 kg of mineral (dm?*kg™), and k; is the partial dissolution rate (M s™) for the i"
species (H*, OH, CO,, DOC) catalyzing the overall reaction, multiplied with the aqueous activity
a, raised to an exponential factor n. We applied A=18 dm? kg" and V=0.18 dm’kg" based
on grain size data (details in the appendix $6.2). The parameter A increases with age and was
allowed to vary within reasonable limits to calibrate the model. The rate parameters (k, n, and E,)
and the temperature dependence of all individual rates were taken from Sverdrup (1990) (details
in Table S6-2). We combined Eq 6-5 with an empirical relation by White and Brantley (2003) to
describe the dissolution rate as a function of time to account for a decreasing reaction rate due
to precipitation of secondary minerals:

rKf\'p(t) = rO,Kf.\'p /t’” (6'6)

where Fetop (t) is the dissolution rate (mol L") after t days, and m is the power exponent, for which
we adopted the value of 0.61 derived by White and Brantley (2003) from a compilation of a large
dataset of mineral weathering rates.
Kinetic mineralization of SOM coupled to sulfate-reduction and methanogenesis

Based on the discussion presented in chapter 5 on the elevated DOC concentrations
and the results of others (Brons 1992) we simulated the mobilization and turnover of organic
carbon in sediments at elevated temperature via two pathways (Table 6-4): 1) a zero-order
chemical (a-biotic) hydrolysis reaction converting SOM to refractory DOC unavailable for further
mineralization, and 2) a coupled enzymatic (biotic) hydrolysis and fermentation reaction using
a first order (Monod) rate equation (Benner et al. 2002, Appelo and Postma 2005, Pallud et al.
2007, Tarpgaard et al. 2011):

T) = T m 1504
" form 1) = Mmax (1) -m- my )| K gy +150,]1

wherer, istherate atwhich SOMisfermented[s'], r, - is the maximum fermentation rate [s] at
temperature T(K), [SO4]is the sulfate concentration (mol L"), K, 4isthe half saturation concentration

(mol L"), and m_and m are the SOM present (mol L) at initial conditions and at time t, respectively.

(6-7)

The fermentation reaction produces reactive “CH,O0" which is instantaneously oxidized, either by
SO, or CO, reduction in thermodynamic equilibrium. Molecular data showed that above 45°C a
distinctively different thermophilic microbial community developed. Therefore, we fitted Eq 6-7
over a mesophilic (5-40°C) and thermophilic (50-70°C) temperature range. This second pathway
is commonly used in modeling organic carbon mineralization and is called the two step partial
equilibrium approach (Brun and Engesgaard 2002). The £_and rate values were derived by model
optimization, the half saturation constant, ko, used in the Monod equation (K,,,) was taken as
4x10° M based on the observed change in SO, depletion rate.

114 | Chapter 6



Table 6-4 Reactions and optimized control parameters to simulate hydrolysis and fermentation of sedimentary

organic carbon, and following terminal electron accepting processes (TEAP)

Reaction Rate equation for kinetic hydrolysis Optimized parameters (rates, r
and fermentation [s'] at 25°C and activation
energies, E_ [kJ mol]
Chemical SOM hydrolysis: I = 10108203 g1
hydr Miyer (T) = constant EhYdL25+1 7 kJ mol!
SOM —=—— DOC p SEES e
Biotic SOM hydrolysis & " form (T) = Mo = 10880151 (T<40°C)
fermentation: e E, =64+11 kJ mol" (T<40°C)
rferm Fmax (T) - m - (mJ|:K+4[SO]:| Mo = 10710420551 (T>A45°C)
SOM —=——CH,0 Mo LTs04 T € 2103447 k) mol (T>45°C)

log_k ([ ] at 25°C) and AH, [kJ mol']

TEA equilibrium half reactions: . .
for equilibrium reactions

+ -
CH,0+2H,0=CO, +4H" +4e Log_k =0
2- 4+ =
CO3 +10H " +8e =CH4+3H20 Log_k:4'|,’llAHr:—255_6
2- A - -
SO +9H" + 8¢”=HS +4H,0 Log_k =33.7, AH =-251.8

Automatic model optimization

The non-linear parameter estimation program PEST(Doherty 2010) was used to constrain
parameters for which literature values were absent or scarce. PEST minimizes the sum of the
squared differences between observed and modeled hydrochemical data using the Gauss-
Marquardt-Levenberg method. The observations were weighted to the inverse of the observation
value according to the method described by Dai and Samper (2004).

6.4 Results and discussion

Surface complexation modeling results

The optimized leaching pattern for species involved in surface complexation (As, B, Si, DOC,
and P; Figure 6-2) is predicted well with the optimized model. The simulations show that the
distribution of species sorbed to surface sites changed most noticeably at 60°C, with declining
fractions of silica, phosphate, DOC, magnesium, arsenic, and boron, and increasing fractions
of carbonate, protons, and calcium (Figure 6-3). Note the number of sites remains invariant at
different temperature, implying that net intrinsic sorption capacity is unaffected by temperature.
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Figure 6-2 Model simulation of continuous flux (CF) 1 day residence time column experiments showing a
selection of solutes involved in K-feldspar dissolution, cation-exchange, and surface complexation. Lines are
simulation results, symbols are observations

The optimized model yielded surface complexation constants which were generally close
to the initial values obtained from the PHREEQC database (Table 6-4, a summary of all optimized
parameter values is provided in Table S6-3). Notable exception is that of boron for which the
optimized value was much larger than the value by Dzombak and Morel (1990). The optimized
value is however within the 99% confidence interval of -2.66 to 3.89 reported by Dzombak and
Morel (1990). More generally, Jessen et al. (2012) showed in a comparison of three different
surface complexation models (SCMs), including the D&M model, CD-Music (Riemsdijk and
Hiemstra 2006), and a SCM calibrated to field data by Stollenwerk et al. (2007), that considerable
inter-model differences exist in predicted surface complexation and that for natural sediments
in particular, containing various types of reactive surfaces, surface complexation models derived
from pure phases (both D&M and CD-MUSIC) have limited accuracy. The Stollenwerk et al.
(2007) model was, similar to our approach, based on the D&M database, calibrated on field data
obtained in a Pleistocene aquifer, and provided the most satisfactory results of the three SCMs
(Jessen et al. 2012).
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Figure 6-3 Surface speciation at equilibrium calculated at the start (equal for all four testing temperatures)
and end of the CF experiment for the four testing temperatures. Field “H” indicates the sum of all protonated
surface sites.

The optimized sorption enthalpies for the oxyanions were exothermic (sorption decreased
with temperature) with AH values ranging from -20 kJ mol™ for silica to -61 kJ mol™ for phosphate,
whereas those for the cations calcium and magnesium were endothermic (+5 to +70kJ mol
'). Because we only included two cations in our surface complexation model, we investigated
the contrasting sorption behavior between cations and anions further by reviewing published
enthalpies for cations to various forms of iron and manganese oxides (Table S6-4). This revealed
that of the 53 reported AH values for cations, 51 were positive indicating that for most cationic
metals sorption increases with temperature. The contrasting temperature behavior of cation
and anion sorption can be further analyzed by looking at the linear free-energy relationships
(LFER) that Dzombak and Morel (1990) used to demonstrate the consistency of their database
for cations and oxyanions. LFER relate different series of reactions with each other, and can be
used to understand the reaction mechanism and predict reaction rates and equilibrium constants.

For cations, Dzombak and Morel (1990) showed a strong correlation between surface
complexation constants and hydrolysis constants, which determines the ability of the cation to
be hydrolyzed. Wesolowski et al. (2008) used this relation to explain the endothermic sorption
for cations (Zn, Nd, Co, Ni, Y, Ca, Sr) to rutile oxides by the rapidly decreasing relative permittivity
(or dielectric constant, determining the capacity of water to solvate a cation) of water with
temperature, compared with the essentially constant relative permittivity of oxides. Wesolowski
et al. (2008) postulate that this difference causes oxides to become relatively more efficient at
hydrolyzing cations with increasing temperature. The relation between sorption and relative
permittivity was also used in a thermodynamic sorption model by James and Healy (1972).

For (oxy)anions, Dzombak and Morel (1990) showed a strong correlation between surface
complexation constants and acidity (protonation) constants, highlighting the similarity between
protonation of an oxyanion in water and protonation to form a surface complex. A comparison
between the enthalpies for the water protonation reactions (AH, values from the PHREEQC
database) and our optimized sorption enthalpies (Table S6-5) showed that the values were of
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similar order of magnitude for the neutral complexes, while the negatively charged surface
complexes had sorption enthalpies that are a factor 3 smaller than the protonation enthalpies.
The correlation between protonation and sorption enthalpies was however poor (R?=0.01),
which may be due to the large standard error of some optimized values. The comparison does
substantiate the general exothermic nature of (oxy)anion sorption which may be due to the
exothermic nature of de-protonation of an oxyanion required to form a surface complex.

Overall, the most interesting conclusion drawn from this comparison is, that cation sorption
is generally endothermic (increasing with temperature) and (oxy)anion sorption is exothermic
(decreasing with temperature). This is a crucial difference in the behavior of trace elements in
aquifers used for shallow geothermal heat storage.

K-feldspar dissolution and cation exchange

There is a good agreement between simulated and observed concentrations of K and Si
suggesting that the chosen combination of dissolving K-feldspar, surface complexation (Si), and
cation-exchange (K) can explain the enrichment of these elements. The relative contribution of
the individual processes is investigated with the model by adding these processes in a number of
consecutive runs (called the ‘process stack’ analysis presented in Figure 6-4). This analysis shows
that the high potassium concentrations at the first pore flushes at 60°C is primarily explained
by K release from the cation-exchanger. With progressive flushing, desorption from the cation
exchanger decreases and the influent becomes sub-saturated with respect to K-feldspar resulting
in its dissolution. Silica shows a similar pattern, but in this case reducing surface complexation
of silica is initially the main contributor during the first pore flushes followed by K-feldspar
dissolution.

The optimized reaction enthalpy for K/Ca cation exchange (AH= -45kJ mol') was nearly a
factor three larger than the value (-15.9 kJ mol”') present in the PHREEQC database. A possible
explanation for this discrepancy is that potassium may be released from K-feldspar through ion
exchange, as described by Wollast (1967), a process also suggested by Holm et al. (1987) to occur
at a high temperature heat storage system (90-115°C).

Redox processes: sulfate reduction and methanogenesis

The model fit of the IRT and TR experiments produces a reasonable agreement between observed
and simulated SO, concentrations (Figures 6-5A and 6-6A). Simulated sulfate concentrations show
two minima (Figure 6-6A) corresponding to temperatures of the mesophilic and thermophilic
range at which the sulfate reduction is highest. Just above the mesophilic temperature optimum
of T=40°C, the rate of sulfate reduction rapidly decreases, probably due to denaturation of
mesophilic sulfate-reducing community. Note, that if only the IRT experiment were performed,
without the TR experiment or obtaining the molecular data, one could derive an activation energy
for this process that is obviously incorrect.

118 | Chapter 6



Inluent + Dispersion

Si
13 A

Concentration (mg L)

11 A Surface complexation

K-feldspar diss.

Inluent + Dispersion

5 4 T T
0 10 20

Pore flushes (V/V,)

Figure 6-4 Contribution of cation exchange, K-feldspar dissolution, and surface complexation to simulated
potassium (top panel) and silica (bottom panel) concentrations at 60°C. Concentrations were calculated by
progressively adding processes to the PHREEQC model, in the order: i) influent and dispersion, ii) cation-
exchange, iii) K-feldspar dissolution, and iv) surface complexation.

The other simulated species involved in organic reactions, DOC and CH,, agree less well
with the observed values regarding a number of features not represented adequately (Figures
6-5B&C and 6-6A&C). DOC concentrations were over estimated at the highest temperature and
especially for longer residence times (Figure 6-5B). An explanation for the mismatch is that both
SOM and DOC typically comprise a variety of organic molecules (Her et al. 2003, Hartog et al.
2004) which we simplified into a single 'DOC’ fraction. This simplification is unable to fully capture
the complex behavior of different DOC weight fractions in sorption and mobilization processes.
Another possible explanation is that dissolution of humic acids becomes inhibited when the
surface becomes covered with cations as shown by Brigante et al. (2007). This agrees with the
decreasing rate in DOC accumulation with increasing residence time (Figure 6-5B). Taking into
consideration these effects can improve the model fit, mainly because this increases the number
of degrees of freedom for model calibration. As it would be difficult to proof the likeliness of
these additional processes, we did not attempt to further increase model complexity. We note,
however, that the activation energy optimized for SOM mobilization (E, = 25+18kJ mol”) was in
agreement with literature values ranging between 24-38 kJ mol' (Reemtsma et al. 1999, Brigante
et al. 2007, Xu and Saiers 2010).
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Figure 6-5 Model simulation of increasing residence time (IRT) experiments for sulfate (panel B), DOC (panel
B) and methane (panel C). Observations are represented by symbols, simulations are shown by lines.

At the mesophilic range (5-40°C), PHREEQC over-predicted methanogenesis by a factor
of roughly 2. At the thermophilic range (45 - 80°C), methanogenesis was predicted to result in
similar methane concentrations as at the mesophilic range but methane was not observed in
the experiments. The simulated pattern follows from the thermodynamic equilibrium imposed
by PHREEQC where electrons produced from the fermentation of organic carbon are distributed
according to the half reactions shown in Table 6-4. Progressing sulfate-reduction causes sulfate
concentrations to decrease and to make methanogenesis thermodynamically favorable. The
simulation result suggests that while the partial equilibrium assumption (Jakobsen and Cold
2007) was warranted for sulfate-reduction, it was not for methanogenesis. Molecular data
presented in chapter 5 derived during the column experiments showed that at 5, 11, and 25°C a
methanogenic Archaea community was present, while at 60°C no methane producing Archaea
were identified. The molecular data also revealed that over the entire temperature range a spore
forming sulfate-reducing microbial population was present. The comparison of model results
with molecular data shows the limitation of purely thermodynamic based geochemical models in
predicting especially microbial mediated processes. This supports the need of obtaining molecular
data to provide a second line of evidence on the governing redox processes.
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Figure 6-6 Model simulation of temperature ramping (TR) experiment with 5 days residence time for sulfate
(panel B), DOC (panel B) and methane (panel C). Observations are represented by symbols, simulations are
shown by lines.

6.5 Application to a hypothetical aquifer thermal energy storage
system

The calibrated hydrochemical model using the optimized processes that were calibrated adequately
(surface complexation, cation exchange, K-feldspar dissolution and sulfate reduction) was applied
to a hypothetical aquifer thermal energy storage (ATES) system using the DAFT model grid (see
method section) to simulate temperature, arsenic, and boron over a 20 year period. Arsenic was
selected for these simulations because it is in many regions a problematic solute in groundwater
due to its high toxicity (Smedley and Kinniburgh 2002). Boron was included because its mobility
also revealed a strong temperature dependence, while it is in comparison to arsenic less strongly
sorbed. Also boron can be toxic, but the guideline for boron in drinking water is much higher (0.5
mg L") than that of arsenic (10 pg L)
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Simulations were carried out for three different temperature systems: i) a 5°C/60°C heat
storage system, which is only allowed when other groundwater uses are not impacted (Figures 6-7
and 6-8), ii) a 7°C/15°C heat storage system (Figure S6-2) which is representative for the design
temperature levels for the majority of ATES systems realized in the Netherlands (IF Technology
2007), and iii) a 5°C/25°C heat storage system, which is the maximum allowable temperature in
the Netherlands (Figure S6-3). All systems have in common that they a) inject warm water for 3
months, b) have a warm water storage phase of 3 months, ¢) recover the warm water and inject
cold water for 3 months, and then d) have a storage phase of 3 months after which the cycle
repeats itself.

The simulation results for the first 2.5 years show that arsenic and boron are thermally
desorbed in the center of the warm plume and mobilized towards the fringe of the warm water
plume and the center of the cold water plume (Figure 6-7). Correspondingly, sorbed concentrations
are elevated at the fringe of the warm plume and center of the cold plume where these solutes
accumulate. When the warm water is being recovered, the fringe zone with elevated arsenic and
boron concentrations is pulled back towards the warm well. This push-pull effect results in two
concentration peaks of arsenic and boron in the monitoring well 5 m away from the warm ATES
well (highlighted with arrows in Figure 6-8) and for boron also in the monitoring well at 15 m.
The absence of the double peak for arsenic in the 15 m monitoring well is due to the fact that
the front with highest boron concentrations extends further than 15 m while for arsenic the front
with highest concentrations is roughly at the 15 m monitoring well.

The aqueous arsenic concentrations in the cold and warm plumes tend to draw towards
each other with progressing cycles especially near the ATES wells. At 5 m from the ATES wells,
arsenic concentrations in the cold and warm plumes range between 10-15 pg L, a factor 2-3
higher than the initial concentration. Here, the re-distribution of these sorbing trace elements
has resulted in a new dynamic equilibrium of elevated concentration levels. At 15 m from the
ATES wells, the arsenic concentration in the warm plume varies between 12-35 pug L', but in the
cold plume As concentrations are still not much beyond the initial concentrations, showing that
re-distribution of trace metals is still continuing until also here a dynamic equilibrium is achieved
between sorbed arsenic over cold and warm plumes and aqueous concentrations become equal
in both plumes. Boron sorption is less strong than arsenic sorption and as a consequence sorbed
boron is re-distributed much quicker from the warm to cold plume. At 5 m distance from the
ATES wells, boron concentrations in cold and warm plumes become similar soon after the ATES
system starts operating (Figure 6-8).

When warm water is injected at 15°C, arsenic concentrations at the warm well increase
with around 20%, from 5 pg L' to 6 ug L' during the first cycles, after which cold and warm
plume concentrations near (5 m) the ATES wells reach a concentration of 5.5 pg L (Figure S6-
2). It is expected that in many field environments, the natural variability in As background levels
will be larger than these variations. For the scenario with warm water injection at 25°C, arsenic
concentrations are increased near the warm well with maximally 80%, from 5ug L' to 9 pg L
during the first cycles (Figure S6-3). Later on, the concentrations at the centers of the cold and
warm plumes plateau at about 6 pg L™, but at the fringe of the warm plume vary between 7 and
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9 ug L. An increase of this magnitude may be cause problems for other uses especially in those
aquifers which already have elevated arsenic concentrations, just below the drinking water limit

(10 pg L).

Monitoring well cold plume 15 m Monitoring well warm plume 15 m
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Figure 6-7 Scenario modeling results shown as time-distance plots for temperature, aqueous and sorbed
arsenic, and aqueous and sorbed boron for the first 2.5 years of simulation, using the DAFT setup to simulate
a 60°C/5°C ATES. Initial groundwater temperature is 11°C, initial [B] = 1.7 ug L7, and initial [As] = 5 ug L.
The warm (60°C) well is indicated with the solid red line at X=90 m, the cold (5°C) well is indicated with the
solid black line at X=30 m. Also indicated the location of two monitoring wells at X=35 m and X=40 in the
cold bubble, and at X=95 m and X=100 m in the warm bubble for which the concentrations are shown in
Figure 6-8.
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Figure 6-8 Simulated aqueous and sorbed arsenic and boron in virtual monitoring wells placed both the
cold (blue line) and warm plume (red line) at 5 (dashed) and 15 m (solid) from the ATES wells. Injection
temperature in cold well was 5°C and 60°C in warm well. Initial groundwater temperature = 11°C, initial [B]
= 1.7 ug L7, and initial [As] = 5 ug L (indicated by thin black lines). An example of the double concentrations
peaks resulting from the push-pull effect of heat storage is indicated by the arrows in panes for aqueous
arsenic and boron.

Although these simulations extend our understanding occurring in an ATES system, a number of
conditions/processes were not included which can cause impacts in reality to deviate from the
simulation results. First, the 1-D approach assumes that sorbents are distributed homogeneously
with depth in the aquifer. In reality, sorbents may be restricted to certain geological horizons rich
in iron oxides. Warm water injection can be efficient in leaching these layers of sorbed arsenic,
but as water with elevated arsenic is recovered by the warm and re-injected in the cold well,
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arsenic rich water will be distributed over the entire depth of the aquifer, also in layers which
may be poor in sorbents. This will retard the redistribution process and may cause overall higher
aqueous concentrations, especially during the initial years.

Second, the current simulation approach neglects background flow, which can cause
substantial drifting away of cold and warm water plumes, especially when an ATES system is
realized in the vicinity of another groundwater extraction as seen in chapter 3. Background flow
can cause the fringe of plumes to drift off before they are recovered, resulting in a net loss
of solutes from the ATES system’s zone of influence. Third, if reactive iron oxides are present
which can undergo reductive dissolution, concurrent to the simulated sulfate reduction, iron
sulfides can form which are efficient in sequestering arsenic (Beaulieu and Ramirez 2013). The
experiments on sediment H2 presented in chapter 5 showed that at low temperatures (<11°C)
iron-reduction becomes thermodynamically more favorable than sulfate-reduction. This could
stimulate iron-reduction in cold plumes and sulfate-reduction in warm plumes which combined
result in precipitation of iron sulfides. In that case, the overall arsenic availability within the system
would decrease.

Water quality field monitoring at ATES systems is required to elucidate the impact of the
combinations of these processes, especially when these systems are to be realized in aquifers used
for consumptive uses and already suffer from elevated concentrations of arsenic or other (oxy)
anions. The development of the reactive transport model and its application to an ATES system
provides a useful tool to design monitoring program to minimize impacts of ATES on water
quality, and to improve the conceptual understanding of thermal interactions on hydrochemistry
in aquifers.
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Appendix 6: Supporting information

$6.1 Analysis of breakthrough tests

The results of the breakthrough tests were analyzed using the analytical model CXTFIT (Toride
et al. 1995). This model is based on the advection-dispersion equation and estimates the main
transport parameters by fitting the experimental data using a nonlinear least-squares parameter
optimization method (Toride et al. 1995). Assuming the tracer is fully conservative, we used the
model to calculate dispersivity and effective porosity. Figure S6-1 and Table S6-1 present the
results of the breakthrough tests (BTT) of the four columns.

1.0
0.8

» Observed, 5°C — Simulated, 5°C

<
’0
S

/ + Observed, 11°C  — Simulated, 11°C

0.6 .
(;Zf ]7?(?/ Observed, 25°C Simulated 25°C
0.0 M \ ‘

0.00 500.00 1000.00 1500.00

Total flow (ml)

CilCo

+ Observed, 25°C — Simulated 60°C

Figure S6-1 Results from breakthrough tests at four temperatures. Solid lines are CXTFIT model results to
determine dispersivity, symbols are observations.

Klotz et al. (1980) found dispersivity values ranging between 0.2 to 23.5 cm in laboratory
experiments depending on both grain size and heterogeneity as expressed by the uniformity
coefficient (U, the ratio of 60% and 10% sieve passing). Another study by Perfect et al. (2002)
found a to range between 0.1 and 19 cm with most values between 4 and 7 cm. The study
showed that finer sediments generally yielded higher dispersivities. Comparing the dispersivities
found here with dispersivities reported by Klotz et al. (1980) and Perfect et al. (2002) for sands
with similar d,;, and U-values (ranging between 1.0 to 2.6 cm) shows our dispersivity values
are relatively high, especially that of the 60°C column. This could be due to i) the clay fraction
present in the sand (often clay is removed before column testing, to avoid clogging), and ii)
some gas formation and entrapment which may have occurred especially during the IRT and TR
experiments when progressing sulfate reduction may lead to accumulation of gas.

126 | Chapter 6



Table S6-1 Summarized results from simulated breakthrough tests

Column R? Dispersion St. error Dispersivity, o St. error
coefficient, D (cm)
(cm? min™")
Sediment C

5°C 0.9956 3.76 0.041 10.4 0.11
11°C 0.9995 2.53 0.010 9.2 0.04
25°C 0.9980 3.03 0.019 9.8 0.06
60°C 0.9896 13.01 0.099 238 0.18

average 1.00 5.58 0.000 13.3 0.10

$6.2 Additional information on K-feldspar modeling
The specific reaction rate included in equation (6-5) is multiplied by the mineral area A=18dm? in
contact with a water volume of V=0.18 dm? kg™ which are based on the average grain size =310
pum and an estimated feldspar concentration of 2.5%. The area A is multiplied with the roughness
coefficient A which is the ratio of the true mineral surface area and the geometric surface area.
The rate equation (6-5) for kinetic dissolution of K-feldspar applies to a specific rate in keq.
m?s" which is multiplied by the ratio of mineral area and volume of water in contact with this
area. The water volume, V, (1) in contact with feldspar within the sediment (kg) is calculated with:

M n

- psolid.mlal(l - n) (56'2)

where M, is the total mass of dry sediment (usually taken as 1 kg), and p, .., is the average dry
density of all solids. A porosity of 0.32 and solid grain density of 2.65 kg dm™ yield V = 0.18 dm?
kg™. The initial reactive surface area of the mineral under consideration is usually determined
in laboratory experiments with gas adsorption, a so called ‘BET" measurement. (Brunauer et al.
1938) For natural or mixed sediments like the sediments used here, this method was not feasible.
An indication of the initial reactive surface area was achieved from the geometric surface area,
A__, similar as done by Sverdrup (1990):

geo’

Apy = Agwﬂ = LdA (56-3)

Pioiiai®
where M, is the mass of mineral i involved (kg) which has to be related to the volume of water
in contact with this mineral, p_,, is the dry density of the mineral (ranging between 2.55 to
2.76 kg/dm?; taken as p=2.65 kg dm=, the specific density of quartz), ¢ is the sphericity of the
grains (ranging between 0.85 to 0.9 (Sverdrup 1990), taken as 0.87), d is the average grain
size (310 um based on the median grain size Table 4-1), and A (surface roughness) is defined
as the ratio between the BET surface area and the geometric surface area (Helgeson 1971).
A unfortunately is very poorly constrained but generally increases with age, ranging from A=1 for
synthetic freshly prepared minerals to around A=400 for field minerals deposited >10° years ago
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(White and Brantley 2003). This parameter was allowed to vary allowing for model calibration.
An initial value of A=40 was applied.

Table $6-2 Parameters used in kinetic modeling of K-feldspar dissolution. pk (-log(k)) and n values are defined
for 25°C. E_ = activation energies (values from on Sverdrup (1990)).

-Log k (25°C) n ES

(keq m2s™ (kJ mol)
H+ 12.5 0.5 60.0
H20 15.3 1 35.0
OH- 14.2 0.3 32.1
Cc0O2 14.6 14.6 59.3
DOC 13.9 0.4 24.0
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$6.3 Other information

Table S6-3 Overview of all optimized parameters for the constant flux (CF) experiment, and increasing

residence time (IRT) and temperature ramping (TR) experiments

CF test
Reaction Parameter optimized value =+ s.e.
K+ + X <> KX logK _.x 1.4+0.1
AH -19+1
Sret 42X <> SrX, logK, .o 0.09+0.3
AHyo oo 4.+2.7
=FeOH +H,AsO, <= =FeH,AsO, + H,0 logK_;.1onc0 4.9+0.2
AA - ren -41+5
=FeOH + H,BO, <> =FeH,BO, + H,O 109K 1503 3.4+0.4
AH s -23+20
=FeOH + DOC" + H* <> =FeDOC + H,0 logK  o0c 11.9+0.3
AH cooc -18+20
=FeOH + DOC" + H* <> =FeDOC + H,0 logK_;s00c 12.7+0.3
AH_aooc -110£10
=FeOH + H,SIO, <> =FeH_SiO, + H,0 109K 13508 4+0.3
AHEFEHSS\OIl -20%5
=FeOH + PO,> + 2H* <> =FeHPO4 + H,0 l0gK .\ pos. 25+0.5
AH;FeHPm— -616
=FeOH + CO,* + H*<> =FeCO, + H,0 AH L cos -47+10
=FeOH + CO* + 2H*<> =FeHCO, + H,0 AH_cos -31+8
=FeOH + Mg?* <> =FeOMg"* + "+ [ele| SRSV 5.2+50
=FeOH + Ca*" <> =FeOCa* + H* 109K .ocs. 70£30
To kisp = @k A 89+6
SBJSp V sum
IRT + TR experiments
SoM ferm CH20 Ml '], T<40°C O
E, [kJ mol'], T<40°C 64+11
i I (T)m(mJ|: {504} :l - [s1], T>45°C 1011505
ferm m, KSO4+{SO4} . o
E, [kJ mol'], T>45°C 103+47
r rh . [5—1] 10—10.05103
hydr Y 7
SOM ——> DOC E_[kJ mol'] 24+17
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Table S6-4 Enthalpies derived from literature for cation sorption to iron, aluminum, manganese oxides and

related oxides (rutile, NiO).

AH_ (kJ mol™)

Type

Source

Solute Medium
Earth alkaline metals
Ca HFO
Ba HFO
Sr HFO
Mg HFO
Ra HFO
Be HFO
(Post) transition metals
Cd HFO
Cd Goethite
Cd Goethite
Cd Goethite
Cd Goethite
Cd  Polyacrylamide-grafted iron(lll) oxide
Cd Iron oxides
Cd Hematite
Cd Hematite nanoparticles
Cd Rutile
Cd Rutile
Cd Rutile
Cd NiO
Pb HFO
Pb Goethite
Pb  Polyacrylamide-grafted iron(lll) oxide
Pb hematite nanoparticles
Pb Al203-supported iron oxide
Pb MnO2
Co HFO
Co Goethite
Co NiO
Cu HFO
Cu Natural iron oxide-coated sand
Cu Goethite
Cu Hematite nanoparticles
Cu MnO2
Cu Waste iron oxide

34.8
41.8
43.8
80.2
85.7
111.6

96.0
13
endothermic
endothermic
27 - 34
16.45
24.31
-7
27.21
5
20
15
29.4
173.4

endothermic
42 .66
32.6
25.7
9.35

80.2
25-27
32.7

78.3
52.32
endothermic
48.4
7.2
9.2

Correlation model
Correlation model
Correlation model
Correlation model
Correlation model
Correlation model

Correlation model
Experiment
Experiment
Experiment
Experiment
Experiment
Experiment
Experiment
Experiment
Experiment

Model
Experiment
Experiment

Correlation model

Experiment
Experiment
Experiment
Experiment
Experiment

Correlation model
Experiment
Experiment

Correlation model
Experiment
Experiment
Experiment
Experiment
Experiment

Trivedi and Axe (2001)
Trivedi and Axe (2001)
Trivedi and Axe (2001)
Trivedi and Axe (2001)
Trivedi and Axe (2001)
Trivedi and Axe (2001)
Trivedi and Axe (2001)
Johnson (1990)
Mustafa et al. (2006)
Grafe et al. (2007)

Angove et al. (1999)
Manju et al. (2002)
Mustafa et al. (2010
Fokkink et al. (1990
Shipley et al. (2013
Fokkink et al. (1990
Fokkink et al. (1992
Fokkink et al. (1992
Mahmood et al. (2011)
Trivedi and Axe (2001)

=
= &

—_ = =

Rodda et al. (1993
Manju et al. (2002
Shipley et al. (2013
Huang et al. (2007

Zou et al. (2006)

)
)
)
)

Trivedi and Axe (2001)
Angove et al. (1999)
Mahmood et al. (2011)

Trivedi and Axe (2001)
Boujelben et al. (2009)
Rodda et al. (1993)
Shipley et al. (2013)
Zou et al. (2006)
Huang et al. (2007)
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Table S6-4 continued

Solute Medium AH_(kJ mol) Type Source

Zn HFO 112 Experiment Trivedi et al. (2004)
Zn HFO 127 Experiment Trivedi et al. (2004)
Zn HFO 128 Experiment Trivedi et al. (2004)
Zn HFO 130 Experiment Trivedi et al. (2004)
Zn HFO 87.2 Correlation model  Trivedi and Axe (2001)
Zn HFO 95.1 Experiment Trivedi and Axe (2001)
Zn Goethite 139.1 Experiment Trivedi and Axe (2001)
Zn Goethite endothermic Experiment Rodda et al. (1993)
Zn NiO 43.7 Experiment Mahmood et al. (2011)
Zn TiO2 24.55 Experiment Li et al. (2008)

Zn Hematite nanoparticles -17.3 Experiment Shipley et al. (2013)
Ni HFO 58.2 Correlation model  Trivedi and Axe (2001)
Ni Goethite 129.9 Experiment Trivedi and Axe (2001)
Ni HFO 62.2 Experiment Trivedi and Axe (2001)
Ni Natural iron oxide-coated sand 45.75 Experiment Boujelben et al. (2009)
Hg HFO 102.6 Correlation model  Trivedi and Axe (2001)
Hg  Polyacrylamide-grafted iron(lll) oxide 26.34 Experiment Manju et al. (2002)
Fe HFO 83.7 Correlation model  Trivedi and Axe (2001)
Mn HFO 88.0 Correlation model  Trivedi and Axe (2001)

Table S6-5 Tabulated sorption enthalpies for oxyanions by model optimization, corresponding LFER enthalpies
for acid disassociation reactions. Last columns present enthalpies for relevant sorption reactions reported in

the literature.

Pest optimization

Associated LFER reaction

Literature values by others

Surface complex

=FeH_SiO,

=FeH,AsO,

=FeH,BO,
=FeCO,
=FeHCO,
=FeHPO4

AH
(kJ mol)

-20+5

-41+5

-23+20

-47+10
-31+8
-61+6

Disassociation reaction
(Minteq database)

H,Si0,=H,Si0,- + H*

H,ASO, + H* = H,AsO,

H,BO, = H,BO, + H*
H* + CO,? = HCO3

2H*+ C0O,2 = H,CO,
2H* + PO,? = H,PO*

AH Experiment AH
(kJ mol") (kJ mol")
-20 Goethite sorption AH ~ -49.6?
for CD music sorption
model
-27.41  Goethite sorption AH -26°
for CD music sorption
model
-13 Sorption to Al-oxide -13.6¢
-14.6
-23.76
-18

Notes: sources of sorption enthalpies, a: Kersten and Vlasova (2009b); b: Kersten and Vlasova (2009a), c:

Goldberg et al. (1993)
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$6-4 Additional simulation results of the aquifer thermal energy storage scenario case
studies
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Figure S6-2 Simulation results for boron and arsenic in virtual monitoring wells in cold bubble (blue line)
and warm bubble (red line) both at 5 m (dashed lines) and 10 m (solid lines) from the ATES wells. Injection
temperature in cold well is 7°C and in warm well at 15°C. Initial groundwater temperature is 11°C, initial [B]
= 1.7 ug L, and initial [As] = 5 ug L' (shown with black lines).
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Figure S6-3 Simulation results for boron and arsenic in virtual monitoring wells in cold bubble (blue line)
and warm bubble (red line) both at 5 m (dashed lines) and 10 m (solid lines) from the ATES wells. Injection
temperature in cold well is 5°C and in warm well at 25°C. Initial groundwater temperature is 11°C, initial [B]
= 1.7 ug L', and initial [As] = 5 ug L' (shown with black lines).
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7.1 Introduction

In this chapter | will summarize the outcomes of this PhD thesis and discuss what these can
mean for drinking water production. Next, guidelines for water quality monitoring at shallow
geothermal energy (SGE) systems will be proposed. Following this, the current policy for SGE
systems in relation to groundwater protection will be reflected upon, and a suggestion is made
which type of systems could be allowed in which environments without compromising the
usability of groundwater as a resource for drinking water production. Last, the perspectives for
future research based on the outcomes of this thesis will be given.

7.2 Summary of thesis research

Chapter 2: Shallow geothermal energy: A review of impacts on groundwater quality
and policy in the Netherlands and European Union

In chapter 2, a review is presented on the effects that SGE systems can impose on groundwater
quality and the risks this can pose for drinking water production. Four categories of effects by
SGE on groundwater quality were distinguished: 1) hydrological, 2) thermal, 3) chemical, and 4)
microbial impacts. This thesis focuses on the latter two. A literature survey on the chemical and
microbial effects of SGE showed that most published research on SGE technology focused on
operational aspects such as well clogging and thermal efficiency, whereas the impacts on water
quality in relation to other users, notably drinking water production, has been limited addressed
in research. Particular gaps in knowledge exist on: i) the effect of low temperature SGE systems
(<25°C) based on field data, ii) the fate of trace metals at elevated temperatures in SGE systems,
and iii) the impact of temperature changes on the microbial communities, redox processes, and
hydrochemistry.

The policy survey presented in this chapter showed that regulation and research on the
potential impacts of SGE on groundwater resources in many countries lags behind technological
developments and the rate of deployment of this renewable energy source. This situation has
improved in the Netherlands with the establishment of the Order in Council (AMvB) on SGE as
of July 2013. The lack of a clear and scientifically underpinned risk management strategy implies
that potentially unwanted risks might currently be taken at vulnerable locations such as near
public supply well fields, whilst at other sites the application of SGE is avoided without proper
reasons. Cross-sectoral subsurface planning is required to minimize negative conflicts between
SGE and other subsurface interests.

Chapter 3: A field and modeling study of the impacts of aquifer thermal energy storage
on groundwater quality.

In chapter 3 data from an aquifer thermal energy storage (ATES) system located 570 m from
a public supply well field were used to investigate the impacts on groundwater quality. These
data showed that groundwater circulation by the ATES system influenced groundwater quality
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by introducing shallow groundwater with a different chemical composition at greater depth,
and vice versa. Numerical groundwater flow and solute transport modeling confirmed that this
physical mixing process can explain the observed changes in groundwater quality. Because a
large fraction of the water injected in the ATES wells in one season drifted away before it could
be recovered in the next, it was not possible to analyze the effect of the temperature change on
groundwater quality. This was the main reason to add laboratory experiments to this research.

Microbiological data showed that groundwater sampled from the ATES system contained
bacteria that with standard culture tests are characterized as fecal indicator bacteria. Molecular
identification however showed that most of these organisms were not related to a fecal
contamination and possibly naturally present in the aquifer. Two samples contained the fecal
bacteria C. perfringens but its presence was not linked to ATES operation and may be a relic of
well construction. The presence of C. perfringens did not form a hygienic risk because of the
sufficient travel time between the ATES wells and the public supply well field.

Chapter 4: Temperature-induced impacts on mobility of arsenic and other trace elements
In chapter 4, a laboratory column testing setup was used to assess the impacts of temperature
on water quality at 5°C (cold storage), 11 °C (ambient temperature), 25 °C (maximum allowed
regular SGE), and 60 °C (high temperature heat storage). Column tests were performed on anoxic,
reactive, unconsolidated sandy sediments cored from a fluvial aquifer (Sterksel formation). This
formation is widely used for drinking water production and SGE in the Netherlands.

The results showed that at 5°C no effects on water quality were observed compared to the
reference of 11°C (in situ temperature). At 25°C, As concentrations were significantly increased
and at 60°C, significant increases were observed in dissolved organic carbon (DOC), P, K, Si, As,
Mo, V, B, and F concentrations. These elements should therefore be included in water quality
monitoring programs of SGE projects. No consistent temperature effects were observed for Ba,
Co, Cu, Ni, Pb, Zn, Eu, Ho, Sb, Sc, Yb, Ga, La, and Th, all of which were present in the sediment.
The temperature-induced chemical effects were hypothesized to be caused by (incongruent)
dissolution of silicate minerals (K and Si), desorption from, and potentially reductive dissolution
of, iron oxides (As, B, Mo, V, and possibly P and DOC), and mineralization of sedimentary organic
matter (DOC and P).

Chapter 5: Temperature-induced impacts on redox processes and microbial communities
Next, the column setup was used in chapter 5 to investigate the impacts on redox processes
and the associated microbial community. Both hydrochemical and molecular data showed that
a temperature increase from 11°C (in-situ) to 25°C caused a shift from iron-reducing to sulfate-
reducing and methanogenic conditions. A thermodynamic analysis showed that the shift from
iron- to sulfate-reducing conditions can be explained by a shift in microbial competition, with
sulfate reducers becoming more efficient at utilizing substrates than iron reducers.
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A further temperature increase (>45°C) resulted in the emergence of a thermophilic
microbial community capable of fermentation and sulfate-reduction, but not of iron-reduction
and methanogenesis. Two distinct maxima, of similar order of magnitude (5x10°M s), were
observed in sulfate-reduction rates at 40°C and 70°C. Thermophilic sulfate reduction, however,
had a higher activation energy (100-160 kJ mol) than mesophilic sulfate reduction (30-60 kJ mol-
"), which is probably due to a trade-off between enzyme stability and activity with thermostable
enzymes being less efficient catalysts requiring higher activation energies. These results reveal
that, while sulfate reducing functionality can withstand a substantial temperature rise, other key
biochemical processes appear more sensitive to a temperature change.

Chapter 6: Reactive hydrochemical modeling to explain and quantify impacts of shallow
geothermal energy on groundwater quality.

In chapter 6, the data collected with the laboratory column experiments were used to develop
and calibrate a hydrogeochemical reactive transport model (PHREEQC) simulating the thermally
induced water quality changes. The model included temperature-dependent surface complexation
and cation-exchange, dissolution of K-feldspar, and mineralization of organic matter via sulfate-
reduction, and methanogenesis. Optimization results combined with literature data revealed
that surface complexation of (oxy)anions is consistently exothermic and their sorption decreases
with temperature, whereas surface complexation of cations is endothermic and cation sorption
increases with temperature.

The calibrated model was applied to simulate arsenic and boron mobility in several
hypothetical aquifer thermal energy storage systems using a simple yet powerful mirrored axi-
symmetrical grid. Results showed the system mobilizes arsenic and boron towards the fringe of
the warm water plume and the center of the cold water plume where these solutes become
resorbed. This transient re-distribution of trace metals causes their aqueous concentrations in
the cold and warm groundwater plumes to gradually approach similar elevated levels, with a
final concentration depending on the average temperature over the warm and cold groundwater
zones.

7.3 Translating hydrochemical effects to impacts on drinking water
production

After having summarizing the principal hydrochemical effects, the next step is to discuss what
these could imply for drinking water production. The first process discussed is the physical mixing
of different water qualities by an ATES system changing the natural water quality zoning in the
aquifer, re-distributing electron acceptors and potentially impacting on local redox conditions
(chapter 3). The effect of these processes on a drinking water pumping station depend on (the
depth distribution of) the aquifer’s reactivity and buffering capacity, and the well screen depth of
both the pumping station and ATES system. In a worst case scenario a contaminant is brought
to greater depth where sediment has a relatively high conductivity and low chemical buffering
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capacity. This could cause a contaminant to reach a pumping station faster and at higher
concentrations. In a best case scenario, the pumping station has a well screen setting causing
it already to have problems with the contaminant and the ATES system causes a dilution of the
contaminant to levels below maximum allowable concentrations. Because the effects of ATES-
induced mixing in the capture zone of a pumping station are likely in many cases unknown, and
often highly uncertain, the establishment of ATES near a public water supply station will often
interfere with the precautionary principle applied in groundwater protection zones. A complicating
factor to assessing the impacts of ATES induced mixing is that the groundwater quality depth
profile itself is a transient feature (Broers and van der Grift 2004) resulting in a transient water
quality at pumping stations (Mendizabal et al. 2012). And although the concentrations of
some contaminants such as nitrate may be decreasing over recent years (Visser et al. 2007) the
occurrence of others like pharmaceuticals may be increasing (Bound and Voulvoulis 2005).

In chapter 4, various species were shown to be increasingly mobile under elevated
temperatures. Because most SGE systems operate at temperatures up to around 16°C, far below
the maximum allowed temperature of 25°C (which was also used in our experiments), effects
will be smaller for most systems. The results of surface complexation modeling combined with
data from the literature (chapter 6) suggest that sorption of (oxy)anion forming species (arsenic,
boron, carbonate, phosphate, silica) is consistently exothermic and decreases with temperature,
but cation sorption is endothermic (calcium, magnesium, heavy metals) and increases with
temperature. This implies that for typical heavy metals, an opposite effect may be expected
compared to arsenic and that their mobility decreases with temperature which was to a certain
extent confirmed by chapter 6, as sediments containing heavy metals such as lead and zinc, did
not leach these elements upon a temperature increase.

A complicating factor, however, is that the combination of temperature induced desorption
with mixing of groundwater by ATES, can result in mobilization of As (or other anionic trace
elements) to parts of the aquifer layers with a lower sorption capacity resulting in a net shift of
arsenic from the sorbed to aqueous phase. In the Netherlands, several public supply well fields
abstract raw water with As concentrations above the maximum permissible concentration of
drinking water (10 ug L"). These levels (up to 70 pg L") are in general easily removed through
rapid sand filtration thanks to accompanying high Fe?* concentrations (Stuyfzand et al. 2006).
When however arsenic desorbs due to a temperature increase, the Fe?* concentration will not
increase along with it, unless reductive dissolution of iron oxides occurs as well. This combined
behavior was shown in chapter 5, but occurred only at the lower temperatures for one of the
sediments tested. If iron-reduction occurs concomitantly with sulfate-reduction, precipitation of
iron-sulfides may also sequester arsenic that is thermally desorbed. The combination of stable iron
oxides and thermally desorbing arsenic is thus possibly more problematic, and could necessitate
an additional treatment step, for example, coagulation with FeCl, (Hering et al. 1997). For heavy
metals, the effect could again be the opposite, leading to an increase in net sorption in the
aquifer and an improvement in water quality.
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A second water quality parameter observed to increase with temperature, was the
DOC concentration. This can cause color problems in drinking water which may necessitate a
discoloration treatment step (such as oxidation) of the water abstracted (Wallage et al. 2006). An
advanced oxidation step can however cause problems with toxic disinfection by-products (Von
Gunten 2003). An important notion that was inferred in chapter 5 and also observed elsewhere
(Evans et al. 2005, Xu and Saiers 2010) is, that DOC mobilized at higher temperatures is relatively
recalcitrant and thus less easily removed in water treatment. On the up-side, it is also less likely to
cause well clogging in SGE systems. A final relevant aspect to the increasing DOC concentrations
is that humic substances constituting the bulk of DOC can form complexes with trace elements,
causing them to remain mobile and not to become resorbed with decreasing temperature outside
the direct zone of influence of the ATES system (Cao et al. 1995).

The increasing mineralization rate of sedimentary organic matter (SOM) at temperatures >
25°C is likely to lead to a reduction of the buffering capacity of the aquifer. SOM is particularly
important for the sorption and retardation of hydrophobic organic micro-pollutants (Appelo and
Postma 2005). The associated promotion of sulfate-reduction following the fermentation of SOM
described in chapter 5 however, can lead to the formation of iron sulfides, which sequester
thermally mobilized anionic trace elements. This has a positive impact on groundwater quality
(and is in fact also used for remediation of groundwater with high arsenic concentrations
(Beaulieu and Ramirez 2013).

7.4 Groundwater quality monitoring near SGE systems

A next step is to derive meaningful monitoring requirements for those locations where SGE
systems are planned at some distance from sites where groundwater is extracted for other uses.
Table 7-1 provides a comprehensive proposal for monitoring at these sites, and provides a key to
the relevant processes and sections in this thesis which address them. Also shown is a number
of monitoring parameters, required for operational aspects to complete this overview. A site
dependent selection can be made from this table, based on vulnerability of other groundwater
uses and anticipated relevant processes.

The monitoring locations can be a filter set in the annulus of the ATES well, a tap point of the
ATES wells, or a dedicated monitoring well located at some distance from the ATES well or
BTES borehole. Note that for ATES systems, it is important to have a good understanding of the
dynamics of the systems. Common monitoring pitfalls are:

- When monitoring water quality at the ‘warm’ well at the end of summer, one may
expect to sample the maximum effect of heat storage. The warm well at the end of
summer however contains recently injected water from the cold well, and if there is
some bell drift in the cold bubble, it will contain groundwater hardly influenced by
ATES. Timing of sampling events of groundwater in the ATES well, should thus be based
on the warm or cold water bubble size, the velocity of bell drift, and the flow through
the system.
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- The redistribution of trace elements in an ATES system and resorption should be
considered when monitoring for these solutes. Modeling in chapter 6 showed that with
progressing cycles, concentrations in cold and warm wells will become similar and a
reference well outside the zone of influence should be used to determine the net effect
of the system.

- Locations of monitoring wells are often based on the anticipated design circulation
volume of the ATES system which are often much smaller than actual volumes. This
causes monitoring wells to be situated outside the zone of influence.

- ATES system temperature readings should be used with caution as sensors may be
located above ground. The best method is to take a submersible temperature sensor
and take readings at the depth of the filter from where the groundwater sample is
taken.

Table 7-1 Groundwater quality monitoring guidelines for SGE systems

Group Parameter Reason and further reference
Monitoring groundwater quality in relation to other uses
Field parameters pH, Electrical conductivity, temperature Monitor mixing of different water
(down hole), dissolved oxygen (DO) qualities and thermal impacts (chapter 3).
Macro parameters Cl, SO,, alkalinity, NO,, NH,, Ca, Mg, ~ Quality assurance of analyses (electrical
Na, K balance, also used for many other aspects
discussed below).
(toxic) trace elements  As, Mo, V, B, Cr, Be and F or a Mobilization due to desorption or
complete ICP-MS scan reductive dissolution (chapter 4).
Redox parameters Fe, SO,, NO,, NH,, CH,, DOC, PO, Monitor changing redox processes
(chapter 5).
Contaminants present Depends on type of contaminants Monitor spreading of contaminants by
in ATES influence area present. Broad standard packages can  increased flow velocities (briefly discussed
be used such PAH, BTEX, VOCI in chapter 2, and Zuurbier et al. (2013b)
Pathogens E-coli + molecular confirmation Assure system is not open to microbial

contamination
Operational aspects

Carbonate scaling Ca, Mg, alkalinity, pH, temp, Fe, DOC  Prevent precipitation of carbonates
(T>30°C) (Griffioen and Appelo (1993)
Iron precipitation Fe, Mn, pH, temp, DO and NO, Prevent iron precipitation
(Houben and Trestakis (2007)
Iron sulphides scaling  Fe, SO,, pH, HS* Prevent iron sulfide scaling due to SO,

reducing conditions (briefly discussed in
chapter 5, see also (Brons 1992))

Gas pressure Partial pressures of CH,, N,, CO, Prevent degassing and gas bubble
clogging or intrusion of oxygen
Corrosion SO, Cl Prevent anaerobic corrosion (briefly

discussed in chapter 5, see (Brons 1992,
Lerm et al. 2013)

a: PAH: polycyclic aromatic hydrocarbons, BTEX: benzene toluene ethylbenzene and xylene, VOCI: Volatile
Chlorinated Organic Compounds
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7.5 Policy perspectives

With the recently introduced legislation on shallow geothermal energy (the Order in Council on
shallow geothermal energy, here abbreviated as the AMvB, corresponding to the generally used
Dutch abbreviation), a new legal framework is introduced in the Netherlands as of July 2013. The
rules for groundwater protection zones are not addressed in this AMvB and remain secured under
the national Environment protection act (abbreviated under the generally used term Wm). The
Wm directs provincial authorities to define groundwater protection areas in which rules apply to
protect groundwater quality for drinking water production.

An improvement for groundwater protection in a broader sense (so outside groundwater
protection zones) with the introduction of the AMvB SGE, is that both closed and open loop
systems are now required to be registered with the authorities (respectively municipalities and
provinces). Furthermore, a training and certification system is established to educate drilling
companies aiming to assure high quality work be delivered which also strengthens groundwater
protection, for example by strictly following guidelines on resealing of perforated aquitards.
Regulatory enforcement by the responsible authorities will be required to secure that these
protocols are followed. The effort required to get the permit for an ATES system has decreased
as the previously required, extensive impact assessment report is no longer required and the
processing time has decreased from >6 months to 8 weeks. In many areas in the Netherlands
(especially the west), ATES systems are realized in deep saline aquifers where historically no other
users are present, justifying this less restrictive legislation. A complicating factor here is however
that the horticultural sector in this area is increasingly using the subsurface for storage of fresh
water (Zuurbier et al. 2013a). This highlights the need to broaden policies dealing with the
subsurface balancing interests of all subsurface users as discussed in chapter 2.

An important aspect of the new SGE legislative framework is that it explicitly gives local
authorities the possibility for allowing higher maximum re-injection temperatures than the
default threshold levels of 25°C and 30°C for open and closed loop systems, respectively. Also,
the provincial authorities can decide on whether SGE could be allowed in groundwater protection
zones. The possibility of higher temperatures was already present in previous legislation (the
Water Act), but the AMvB specifically states that a temperature above the ‘default’” maximum
injection temperature is allowed and can result in higher efficiencies of systems and many
provinces are now investigating how and where to allow high temperature heat storage (e.g.
the province of Gelderland as discussed in Zaadnoordijk et al. (2013)). The decision on whether
SGE could be allowed within groundwater protection zones also basically remains with the
provincial authorities who regulate groundwater protection zones. It is noted that there is not a
strict prohibition of SGE within protection zones (which already led to a number of ATES systems
in groundwater protection zones shown in Figure 1-3). On the basis of the results of this thesis,
a suggestion is made how these rules could be interpreted for different groundwater regions in
the Netherlands (Table 7-2).
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In regions where restrictions apply for drinking water protection (region | and Il, Table 7-2),
the precautionary principle should generally prevail. Only in extraordinary cases an SGE system
should be feasible. An example could be a planned closure of a pumping station, or if the benefits
of allowing SGE are such that it would compensate for potential adverse effects for the water
supply. It is unlikely that the benefits of an individual SGE system (for a building or group of
buildings) could outweigh the interest of water supply of a city or region. So this option could
only be feasible in a regional context where heat and water supply are considered together.

Under the current rules, SGE systems can be established outside the protection zone, which
can still be part of the capture zone of a PSWF (region lll). In these cases, it would be desirable to
have a proper impact assessment. Currently, applications for SGE systems are handled whenever
a license application arrives at the regulating authority. And given the shortened handling times
for license approvals, it may be become hard to carry out a proper impact assessment. A more
thorough risk assessment in the capture zones may be possible if an ex ante evaluation of the
impacts of SGE in the capture zone are combined with the broader water quality risk assessment
carried out for the so-called protected area dossier (Gebiedsdossiers), a tool resulting from the
EU Water Framework directive for protection of drinking water resources. Currently, this dossier
mainly focuses on water quality threats from land surface (fertilizers, pesticides, sewers and point
or diffuse pollution plumes).

The application of higher temperature SGE seems only warranted in deep saline aquifers
(region VI). Saline aquifers do not provide groundwater that can easily be used for drinking water
production, at least not using a ‘basic water treatment’, as described in the EU Water Framework
directive. It is noted that the definition of a ‘basic’ water treatment differs regionally and by source
water, but for groundwater aeration, rapid sand filtration and, if required, a disinfection step
can be considered as basic steps (Wuijts and Rijswick 2007). Shallow saline groundwater bodies
(zone V) are less suitable as the impacts of higher temperature SGE can more easily dissipate into
surface waters, and thus form a risk for aquatic ecology and recreational use of these waters.
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7.6 Research perspectives

The last part of this thesis provides a short overview of relevant new research perspectives that
follow from the results of this thesis:

The strong temperature dependence of arsenic (and other oxyanions) mobility, also in
the range up to 25°C, is important to consider especially when SGE is realized in aquifers
used for drinking water production. A crucial next step is to validate the results of this
study in field SGE systems (operating at 25°C or higher) in the Sterksel formation and
to investigate the potential arsenic mobilization in other geological formations. It would
be good to derive a more generic relationship between the geochemical reactivity of
the Dutch geological formations (Gaans et al. 2011 and Griffioen et al. 2012) and the
response of these to temperature increases. This would allow an efficient scaling up of
the results found here, and facilitate an effective monitoring in sensitive areas.

In this thesis, | have described the mixing effect that an ATES may have on the
distribution of electron acceptors and redox processes in an aquifer on the one hand,
and the thermal effects on trace element mobility and redox processes the other.
I have described the combination of these two processes qualitatively in several chapters,
but investigating this interaction in a more quantitative way is required to get a more
thorough understanding of the impacts of ATES on groundwater quality. This could be
achieved by detailed field monitoring, especially at some of the high temperature heat
storage systems that are to be realized in the coming years, combined with reactive
transport modeling. The reactive transport modeling framework presented in chapter 6
can provide a good starting point for this, but up-scaling to a full 3D model is required
to assess the cumulative effects on downstream groundwater quality and impacts to
other groundwater uses.

The temperature dependence of sorption might also provide opportunities to optimize
in- or ex-situ arsenic remediation systems. Arsenic is a common issue in aquifer storage
and recovery (ASR) systems, where oxidation of pyrite causes the mobilization of arsenic
(Wallis et al. 2011, Mirecki et al. 2012). During the storage phase of ASR, the arsenic
concentration in the ASR injected water bubble is controlled by the equilibrium with
arsenic sorbed to neo-formed iron hydroxides (Wallis et al. 2011). Combining heat
storage with ASR could be a method of accelerating the removal of sorbed arsenic
following pyrite oxidation and pre-conditioning the aquifer for storage of raw or drinking
water. Cold water (having a relatively high dissolved oxygen concentration) effectively
oxidizes pyrite releasing arsenic which is sorbed to neo-formed iron hydroxides. In the
next season relatively warm water is injected which flushes arsenic from the sorbent.
This causes an initial rapid flush with arsenic (which may be treated or disposed of), and
not a long tail of elevated arsenic concentrations.

Given the explicit policy freedom for high temperature heat storage, aiming to boost
application of this technology, a wider understanding of the dynamics of thermophilic
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sulfate reducing bacterial communities should be developed. It was shown in this thesis
that these communities can develop in Dutch sediments, and in Germany Lerm et al.
(2013) demonstrated that these can cause damage to these systems by anaerobic
corrosion.
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Effecten van bodemenergie op grondwaterkwaliteit

Een hydrochemische en geomicrobiologische studie naar de effecten van warmte-
koudeopslag en andere vormen van bodemenergie

Achtergrond en onderzoeksvraag

Een bodemenergiesysteem gebruikt de ondiepe ondergrond, tot enkele honderden meters diep,
om huizen, kantoren en andere gebouwen te koelen en te verwarmen. Deze techniek veroorzaakt
in veel gevallen een lagere CO,-uitstoot dan een traditionele airconditioning en gasketel, en de
extra investering ervoor is redelijk snel terugverdiend. Het gebruik van bodemenergiesystemen
neemt daarom sterk toe.

Er zijn twee soorten bodemenergiesystemen: open en gesloten systemen. Bij open
bodemenergiesystemen, ook wel warmte-koudeopslag (WKO) genoemd, wordt grondwater
opgepompt om een gebouw te koelen of te verwarmen en na gebruik teruggebracht in de
ondergrond. Bij gesloten bodemenergiesystemen, ook wel bodemwarmtewisselaars genoemd,
wordt een gesloten leidingstelsel (bodemlus) in de ondergrond aangebracht. Om warmte uit de
bodem te winnen of naar de bodem af te voeren wordt in de bodemlus water, soms aangevuld
met een antivriesmiddel, rondgepompt. Beide soorten systemen maken in bepaalde gebieden
gebruik van dezelfde watervoerende lagen als waaruit drinkwater wordt gewonnen. Daarom
willen waterbedrijven weten welk effect bodemenergie heeft op de kwaliteit van het grondwater,
een belangrijke grondstof voor de drinkwaterproductie. De kernvragen van het onderzoek dat
heeft geleid tot dit proefschrift zijn dan ook: Wat is het effect van bodemenergiesystemen op
de grondwaterkwaliteit en welke gevolgen kan het gebruik van bodemenergiesystemen hebben

voor de productie van drinkwater?

Om deze vraag te beantwoorden, heb ik:

i) Een literatuuronderzoek uitgevoerd naar a) de effecten van bodemenergie op
grondwaterkwaliteit en drinkwaterwinning, en b) het beleid rond bodemenergie
en grondwaterbescherming (hoofdstuk 2).

ii) De effecten van een WKO-systeem in Eindhoven op de grondwaterkwaliteit
onderzocht en de gemeten waterkwaliteitspatronen verklaard met een
grondwaterstroming- en stoftransportmodel (hoofdstuk 3).

iii) Een laboratoriumopstelling gebouwd waarmee ik onderzoek heb uitgevoerd naar
de temperatuureffecten op a) de mobiliteit van sporenelementen (hoofdstuk 4) en
b) de aanwezige microbiologische gemeenschap en redoxprocessen (hoofdstuk 5).

iv) Een reactief transportmodel gebouwd om de gegevens uit de laboratoriumproeven
kwantitatief te verklaren en in een generiek kader te kunnen plaatsen. Het model
is toegepast op een aantal fictieve WKO systemen (hoofdstuk 6).
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Literatuuronderzoek naar de effecten van bodemenergiesystemen op de waterkwaliteit
en naar bodembeleid

Uit literatuuronderzoek bleek dat vooral is gepubliceerd over operationele aspecten van
bodemenergiesystemen, gerelateerd aan putverstopping en thermisch rendement. De effecten
van bodemenergiesystemen op de grondwaterkwaliteit, en de betekenis ervan voor andere
gebruikers, hebben minder aandacht gekregen. Zo zijn er maar weinig hydrochemische
veldstudies gepubliceerd over lage-temperatuur-WKO-systemen (< 20°C). Daarnaast bleek geen
duidelijk beeld te bestaan van het gedrag van sporenelementen bij WKO-systemen. Wel bleek
uit de literatuur dat vooral redoxprocessen gevoelig zijn voor relatief kleine temperatuurvariaties.
De beleidsinventarisatie liet zien dat in veel landen in Europa bodemenergie wordt toegepast,
maar dat er nog geen specifiek beleid voor is geformuleerd. Als er iets is geregeld, komt dat
meestal voort uit beleid dat is opgesteld voordat de toepassing van bodemenergie een viucht
nam. Het gebrek aan specifiek bodemenergiebeleid kan ertoe leiden dat op sommige plaatsen
ongewenste risico’s worden genomen, terwijl op andere plekken bodemenergie zonder goede
redenen wordt vermeden of geweerd. In Nederland is op 1 juli 2013 het Wijzigingsbesluit
Bodemenergie ingevoerd dat op sommige punten een verbetering heeft gebracht, bijvoorbeeld in
het reguleren van gesloten bodemenergiesystemen. Ook geeft dit Wijzigingsbesluit gemeenten
de bevoegdheid het gebruik van de ondergrond te ordenen met zogenaamde masterplannen.

Veldonderzoek naar de effecten van een WKO-systeem op de grondwaterkwaliteit
Waterkwaliteitsgegevens uit veldonderzoek in Eindhoven laten zien dat het onderzochte WKO-
systeem ondiep en diep grondwater met verschillende waterkwaliteiten oppompt, mengt en
weer injecteert. Het onderzochte WKO-systeem ligt vrij dicht bij een waterwinning, waardoor
de grondwatersnelheid relatief hoog is en de geinjecteerde bellen mengwater wegstromen
voordat zij in het volgende seizoen weer worden teruggewonnen. Een numerieke modellering
van grondwaterstroming en stoftransport bevestigde dat dit mengingsproces de waargenomen
schommelingen in waterkwaliteit grotendeels kan verklaren.

Microbiologische gegevens toonden sporen van C. perfringens aan, wat duidt op een
historische fecale besmetting. De sporen zijn echter aangetroffen in zowel WKO-meetpunten
als referentiemeetpunten, wat aangeeft dat de besmetting geen relatie had met het WKO-
systeem zelf. Mogelijk is bij aanleg van deze putten fecaal besmet werkwater (bijvoorbeeld
oppervlaktewater) of gereedschap gebruikt: dit is een generiek risico. Deze ‘oude’ besmetting
heeft geen risico voor de waterwinning opgeleverd omdat de reistijd tussen de putten en de
waterwinning voldoende is om te zorgen voor afsterving van ziekteverwekkende virussen en
bacterién.

Laboratoriumonderzoek naar de temperatuursinvioed op de mobiliteit van
sporenelementen

Omdat effecten van menging en temperatuur in het veld lastig te onderscheiden waren, heb ik
een laboratoriumopstelling gebouwd om sec het effect van temperatuur op grondwaterkwaliteit
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te onderzoeken. Deze experimenten laten zien dat bij een temperatuurverlaging van
11 °C (de natuurlijke temperatuur) naar 5 °C geen significante effecten optreden. Bij een
temperatuurverhoging van 11 °C naar 25 °C, werd de mobiliteit van arseen hoger. Bij 60 °C werd
arseen nog verder gemobiliseerd en zijn ook verhoogde concentraties gemeten van opgelost
organisch koolstof (DOC), totaal-fosfor, kalium, kiezelzuur, molybdeen, vanadium, borium, en
fluoride. Er zijn geen significante veranderingen gemeten in de concentraties kationogene ‘zware’
metalen (lood, zink, nikkel, et cetera) die wel in lage gehalten in het sediment aanwezig waren.
De processen die verantwoordelijk worden geacht voor de veranderingen zijn (incongruente)
oplossing van silicaten (kalium en kiezelzuur), desorptie en mogelijk reductieve oplossing van
ijzer-oxiden (arseen, borium, molybdeen, vanadium, en mogelijk totaal-fosfor en DOC), en
mineralisatie van organisch materiaal (totaal-fosfor en DOC).

Temperatuursinvlioed op redoxprocessen en de microbiéle populatie

De laboratoriumopstelling is tevens gebruikt om de veranderingen in redoxprocessen en in de
microbiologische populatie te onderzoeken. Hiervoor zijn dezelfde sedimenten gebruikt als in
het onderzoek naar de sporenelementen, maar onder langere verblijftijden om zo de langzaam
verlopende redoxprocessen beter te kunnen waarnemen. Zowel chemische als moleculaire
data laten zien dat een temperatuurtoename van 5 °C naar 25 °C een verschuiving van een
ijzerreducerend naar een sulfaatreducerend en methanogeen redoxmilieu veroorzaakte. Deze
verschuiving kan thermodynamisch worden verklaard uit een verschuiving in competitief
voordeel van ijzer- naar sulfaatreduceerders in het benutten van substraat. Bij een verdere
temperatuursverhoging (> 45 °C) kwam een thermofiele microbiéle populatie op die in staat was
tot vergisting van organisch materiaal en sulfaatreductie.

Hydrochemisch modelleren van laboratoriumproeven en hypothetische warmteopslag
Het hydrochemische model PHREEQC is gebruikt om de data van de laboratoriumexperimenten
kwantitatief te verklaren. Het model omvatte temperatuurafhankelijke processen, zoals: i) de
oppervlakte-complexatie van ijzer-oxiden, ii) kationuitwisseling, iii) kinetische oplossing van
kaliveldspaat en iv) mineralisatie van organisch stof via sulfaatreductie en methanogenese. De
optimalisatieresultaten, gecombineerd met data uit de literatuur, gaven een consistent beeld dat
neutraal of negatief geladen (oxy)anionen, gebonden aan ijzeroxiden, mobieler worden bij een
temperatuurverhoging, terwijl positief geladen kationen (waaronder zware metalen) juist worden
geadsorbeerd.

Het geijkte model is vervolgens toegepast op een hypothetische warmteopslag, waarbij gebruik
is gemaakt van een gespiegeld 1-dimensionaal axi-symmetrisch rekennetwerk. Hiermee kan
met relatief beperkte rekeninspanning een beeld worden verkregen van de hydrochemische
effecten in een WKO doublet. De berekeningen laten zien dat warmteopslag leidt tot thermische
desorptie van arseen en borium in het hart van de warme bel, en tot accumulatie (en adsorptie)
van deze stoffen aan de rand van de warme bel en in het hart van de koude bel. De herverdeling
van gesorbeerde stoffen over de warme en koude bellen leidt ertoe dat de concentraties
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in het centrum van koude en warme bel met de tijd steeds meer gelijk worden. De nieuwe
‘evenwichtsconcentratie’ over warme en koude bel hangt af van de gemiddelde temperatuur over
de warme en koude bellen: voor de onderzochte systemen ligt die nieuwe evenwichtsconcentratie
hoger dan de achtergrondconcentratie. De meeste WKO-systemen werken met een beperkte
temperatuurverhoging (< 4 °C): uit de modellering blijkt dat de concentratie arseen voor een
dergelijk systeem met 20% wordt verhoogd, dit zal in veel gevallen binnen de natuurlijke variatie
vallen. Bij een verhoging tot 25 °C wordt de concentratie arseen met 80% verhoogd: dit geeft
vermoedelijk wel een meetbaar effect.

Discussie: betekenis effecten voor drinkwaterproductie

Tot slot heb ik de waargenomen effecten geplaatst in de context van drinkwaterproductie. Het
effect van menging door een WKO-systeem op een mogelijk nabij gelegen drinkwaterwinning
is locatiespecifiek. Afhankelijk van de diepte waarop het van WKO-systeem en waterwinning
grondwater onttrekken, en de verticale zonering in waterkwaliteit en geochemie kan menging
effect hebben op een drinkwaterwinning. Menging kan nadelig zijn, bijvoorbeeld als ondiep
en dus menselijk beinvloed water of juist diep zout grondwater wordt vermengd met schoon
grondwater en de winning (sneller) kan bereiken. Dit nadelige effect is te verkleinen door het
ontwerp van een WKO-systeem op de lokale omstandigheden af te stemmen.

Naar verwachting zijn de directe temperatuureffecten voor de meeste WKO-systemen
ondergeschikt aan dit mengeffect, vooral omdat huidige WKO-systemen het grondwater vrij
beperkt opwarmen en afkoelen (veelal minder dan +/- 5 °C). Bij een opwarming tot 25 °C
(de huidige wettelijk maximale injectietemperatuur) kunnen afhankelijk van de geochemische
eigenschappen van de ondergrond meetbare veranderingen van de grondwaterkwaliteit
optreden. Dat kan nadelig uitpakken bij bijvoorbeeld arseen, dat bij temperatuursverhoging
mobieler wordt. Naar verwachting worden zware metalen als lood dan juist minder mobiel.
Inhoeverreeeneventueleveranderingingrondwaterkwaliteitgevolgen zalhebbenvoorde productie
van drinkwater, zal ook van geval tot geval verschillen. Dat hangt af van de huidige kwaliteit van
het grondwater in combinatie met de bestaande zuivering. De afweging tussen energiebesparing
met bodemenergie enerzijds en het vermijden van risico’s voor drinkwatervoorziening anderzijds
is uiteindelijk een maatschappelijke keuze, waarbij het belangrijk is het strategisch belang van een
veilige, energiezuinige en kosteneffectieve drinkwatervoorziening mee te nemen. De resultaten
van dit proefschrift leveren een bijdrage bij die afweging.
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